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FOREWORD

The IAEA attaches great importance to the dissemination of information 
that can assist Member States with the development, implementation, 
maintenance and continuous improvement of systems, programmes and 
activities that support a sustainable nuclear fuel cycle and nuclear applications, 
including managing the legacy of past practices and accidents. Hence, the 
IAEA has initiated a comprehensive programme of work covering all aspects 
of environmental remediation including:

— Technical and non-technical factors influencing decision making in 
environmental remediation;

— Site characterization techniques and strategies;
— Assessment of remediation technologies;
— Assessment of technical options for cleanup of contaminated media;
— Post-restoration compliance monitoring;
— Assessment of the costs of remediation measures.

It has been observed that many measures to remove or contain 
contamination are inefficient below certain concentrations, in general costly, 
and of a limited lifetime compared with the half-lives of the radionuclides 
concerned. Dispersed low level contamination poses a particular challenge to 
those charged with its remediation. Economic considerations in many Member 
States also result in constraints being placed on resources available to deal with 
such contamination. Experience has also shown that many techniques are not 
efficient below certain concentration thresholds or may entail impacts on 
certain environmental compartments in addition to those due to the 
contamination itself. This includes doses received by workers on the 
remediation project. As a result, the concept of relying on geological media to 
retain contaminants and/or to ‘flatten out’ concentration/dose peaks is 
increasingly being discussed in a remediation context.

Technical Reports Series No. 424 (Remediation of Sites with Dispersed 
Radioactive Contamination) examined a variety of technological options for 
remediating dispersed contamination and concluded that the approaches can 
be broadly grouped into three categories: non-intervention,  containment and 
removal.

This report discusses in detail the necessary prerequisites, processes 
involved and applicability of non-intervention as a strategy for dealing with 
radioactive contamination. Particular emphasis is put on modelling tools as 
integral elements of monitored natural attenuation (MNA). It provides a 
comprehensive critique of, and explores the limits of, the applicability of MNA. 



While MNA is de facto relied upon in many instances where contamination 
cannot be completely removed from an engineered repository, it is emphasized 
that non-intervention is not equivalent to a ‘do nothing’ option. In order to rely 
on MNA safely, a thorough understanding of the site and the migration 
behaviour of the contaminants in the given environment is needed. This is 
gained from a comprehensive site investigation. This report complements other 
recent reports on remediation techniques and strategies with a less invasive 
concept.

An extensive body of references including relevant web sites will help the 
reader to find more detailed or more up-to-date information.

The work on the technical publication was organized and the final report 
compiled by W.E. Falck of the Division of Nuclear Fuel Cycle and Waste 
Management.

EDITORIAL NOTE

The report does not address questions of responsibility, legal or otherwise, for acts 
or omissions on the part of any person.

Although great care has been taken to maintain the accuracy of information 
contained in this publication, neither the IAEA nor its Member States assume any 
responsibility for consequences which may arise from its use.

The use of particular designations of countries or territories does not imply any 
judgement by the publisher, the IAEA, as to the legal status of such countries or territories, 
of their authorities and institutions or of the delimitation of their boundaries.

The mention of names of specific companies or products (whether or not indicated 
as registered) does not imply any intention to infringe proprietary rights, nor should it be 
construed as an endorsement or recommendation on the part of the IAEA.
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1. INTRODUCTION

1.1. BACKGROUND

Responding to the needs of its Member States, the IAEA has launched an 
environmental remediation project dealing with the problems of radioactive 
contamination worldwide. Its aim is to collate and disseminate information 
concerning the key problems affecting the environmental remediation of 
contaminated sites (Table 1) [1–18]. 

The term ‘remediation’ is used here to encompass all activities leading to 
a reduction in radiation exposure and to an improvement in the environmental 
and/or economic value of a site. It does not necessarily imply restoration of 
pristine environmental conditions but rather the management of contami-
nation either by removal, fixation or monitoring.

It has been observed that many measures used to remove or to contain 
contamination are inefficient below certain concentrations, in general costly, 
and of a limited lifetime compared with the half-lives of the radionuclides 
concerned. Dispersed low level contamination poses a particular challenge to 
those charged with its remediation. Economic constraints in many Member 
States result in limited resources being available to deal with such contami-
nation. Experience has shown that application of intrusive techniques may 
have other environmental impacts or expose workers on the remediation 
project, leading to unacceptable doses [19].

The concept of ‘natural attenuation’ has received a great deal of attention 
in recent years [20–26] and forms the subject of a US Environmental Protection 
Agency (USEPA) directive [27]. Assessments of sites contaminated with 
degradable organic contaminants invariably factor in this effect and this 
approach is increasingly being considered for heavy metals [18, 28]. With only a 
few exceptions, the most common radioactive contaminants in the environment 
are also heavy metals and, in principle at least, it follows that the same consid-
erations given to heavy metals should apply to radioactive contaminants. 
Indeed, given the fact that radioactive decay is an inherent attenuation 
mechanism, the approach could be regarded as even more relevant in this case. 
To date, however, monitored natural attenuation (MNA) has not been 
advocated specifically for radioactively contaminated sites.

A wealth of experience in remediation measures for radioactively 
contaminated land has been gained since the Chernobyl accident [29]. An 
emerging theme from this work is that the focus should be moved towards low 
cost, low intensity ‘passive’ or low maintenance solutions [16, 18] rather than 
intrusive, and usually expensive, engineering techniques. In situ containment 
1
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methods preventing direct exposure or uptake via the food chain have proved 
successful, particularly in the case of the short lived nuclides [30].

All significant remediation programmes for radioactively contaminated 
land will be subject to an environmental impact assessment. This will incor-
porate, among other activities, the results of geological, hydrogeological and 
geochemical surveys of the site(s), performance modelling and post-
remediation monitoring, the latter to demonstrate compliance with the 
relevant regulations. The aim of the environmental impact assessment is to 
assist in selection of the remediation approach and to establish the safety of the 
option chosen.

In each case, reliable models are required of the likely fate of contami-
nants for various exposure scenarios and potential exposure pathways in order 
to justify the remediation strategy chosen. Such models rely, in turn, on an 
adequate understanding of geochemical dispersion and accumulation 
mechanisms.

Whether or not MNA is adopted as the preferred route, the principles 
governing long term environmental protection need to take into account the 
natural background. In the case of naturally occurring nuclides, there is always 
a local background level against which cleanup goals and/or regulatory target 
values should be evaluated. This is a fundamental difference to remediation of 
xenobiotic organic contaminants where ‘natural’ background is zero.

Time-frame is another important consideration when deciding on 
performance measures. The regulations used to judge the acceptability of an 
underground repository for nuclear waste, for example, are invariably based on 
dose and/or risk. The most commonly used measure is radiological risk. In 
Finland, where the spent fuel disposal programme is advanced, an effective 
annual dose of 0.1 mSv for the most exposed individual is taken as the limit. 
Similar constraints are now being employed when devising remediation targets 
for radioactively contaminated land or former uranium mining areas. The 
choice of these measures, though routine with operational nuclear plant, causes 
many problems in an environmental context, since:

(a) There is great controversy surrounding the health effects of prolonged 
exposure to low doses of ionizing radiation;

(b) Local factors are not easily taken into account, as natural background 
varies substantially within and between countries;

(c) Assumptions need to be made concerning site evolution and future 
human behaviour that are almost impossible to justify;

(d) Neither dose nor risk are concepts easily understood by non-technical 
audiences;
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(e) There are a number of shortcomings with existing performance 
assessment models.

For these reasons, the IAEA, amongst others, has initiated research into 
alternative indicators of safety that may be used as an adjunct to dose and risk, 
particularly over longer time-frames [16, 31]. Several countries have embraced 
the concept of employing natural geochemical concentrations or fluxes [32]. 
Such an approach offers the advantage of comparing the results of safety calcu-
lations directly with natural sources of exposure to ionizing radiation. The 
processes leading to contaminant migration and retention can be treated 
explicitly in mechanistic models, as discussed below.

This report discusses: (a) the mechanisms effecting natural attenuation as 
a factor of the geosphere media and radionuclides; (b) the applicability or 
otherwise of natural attenuation strategies at sites contaminated by radio-
activity; (c) uncertainties in parameter estimation; (d) MNA assessment 
methods including coupled transport modelling and (e) related monitoring 
requirements. The report discusses the terrestrial environment only.

1.2. THE PRINCIPLE OF MNA

Natural attenuation, by definition, constitutes the least invasive approach 
to environmental remediation. The concept is not new. For example, it forms an 
integral component of the design criteria for geological repositories that depend 
on geochemical processes to retard radionuclide migration to the biosphere 
[33, 34]. Neither is it entirely without financial cost. Reliance on natural 
attenuation requires detailed characterization of the site and adequate 
monitoring owing to the evolution of natural systems with time and to our 
incomplete understanding of the processes operating. The effects of any change 
in land use or in water extraction also need to be assessed. Hence, this strategy 
is usually termed MNA [27, 35, 36], to distinguish it from ‘walk-away’ situations 
(Fig. 1).

The purpose of MNA is to take advantage of natural processes that 
reduce the flux of a contaminant reaching any given receptor. It represents a 
form of temporal dilution, which should not be confused with the physical 
dilution that takes place, for example, when activity is discharged into water 
courses and dispersed. The time-frame over which the retardation process 
occurs is all-important and depends on the half-life of the nuclide. For those 
species with half-lives of the order of a few years or decades the success of the 
strategy can be verified directly by monitoring the site. Clearly, in the case of 
4



long lived nuclides this is not possible and so monitoring conveys a somewhat 
different meaning. It needs to be carried out for sufficient time to demonstrate 
proof of concept, after which time models are used to extrapolate the findings 
over more protracted timescales. Since conditions are likely to change over 
time, the likely impact of these changes must be assessed.

Targets may be defined for MNA in much the same way as they would be 
for any remediation strategy [11]. Notwithstanding public concerns regarding 
ionizing radiation, the targets need to be realistic. Uranium and thorium series 
nuclides occur naturally and background varies between and within countries. 
In the case of mine wastes, background in the immediate vicinity of the mining 
site will be high and this would have to be taken into account.

The USEPA states that “MNA should not be considered a default or 
presumptive remedy at any contaminated site” [27]. However, given an 
adequate site investigation and risk assessment programme, MNA can be 
considered a baseline option, against which other, active remediation options 
are compared with respect to performance, cost and residual risk.

It may be noted in this context that frequently active remediation 
measures are initiated without the same level of site investigation as that 
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FIG. 1.  The principle of MNA.
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required for MNA and with the consequent failure or cost overruns of projects. 
It may also be noted that in cases where it is difficult to establish an adequate 
monitoring programme, for example, owing to the complexity of the geological 
system, it will be equally difficult to make the necessary site assessments for 
other remediation methods with confidence. The degree of confidence that can 
be ascribed to natural attenuation in preventing harmful exposure or environ-
mental damage is proportional to the level of characterization of that site. 
Developing an understanding of the physical, chemical and biological 
processes operating is more crucial in the case of natural attenuation than if the 
contamination were to be removed physically from the site. At the same time it 
is important to consider that the site for a final repository of such remediation 
wastes must fulfil similar criteria concerning its long term stability.

A decision to apply MNA as the preferred management strategy will 
invariably be made by considering a combination of scientific, economic and 
social criteria. Ideally, it should be based on a prior risk analysis of the specific 
site and follow an established technical protocol [37]. A quantitative decision 
making tool will help to balance objectively the advantages and disadvantages 
mentioned above [15]. Models exist for evaluating the likely performance of 
such systems, for designing the monitoring programme and for interpreting the 
monitoring data [38, 39].

1.3. SOURCES OF CONTAMINATION

Activities and events that have caused radioactive contamination include: 
nuclear reactor accidents; activities related to the nuclear fuel cycle (such as 
uranium mining and milling of metalliferous and non-metalliferous ores); 
production of non-nuclear fuels, including coal, oil and gas; production of 
industrial minerals, including phosphate and clay materials; and failures in the 
waste containment system [5]. In addition to the above, weapons testing, 
including the use of depleted uranium, has led to widespread radioactive 
contamination.
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2. MIGRATION AND RETENTION MECHANISMS 

2.1. OVERVIEW

Attenuation in its strict sense means ‘reduction’. However, unlike in the 
case of biodegradable organic contaminants, the majority of processes 
discussed in this report do not actually reduce the total mass of radionuclides in 
a given system, rather, they affect their distribution over space and time. The 
only exception is radioactive decay.

A large number of processes affect the migration of radionuclides in the 
geosphere, and these are discussed in the following sections. In order to be 
utilized for MNA, these processes must prevent or delay the arrival of a radio-
nuclide at a receptor until such time that they have decayed to levels of no 
concern.

It is important to note that many of the geochemical and biological 
processes discussed may effect retardation, but at the same time these can lead 
to a reconcentration of radiologically relevant elements, which can then form 
potential secondary sources of contamination [25].

2.2. RADIOACTIVE DECAY

The half-lives of radionuclides now present in the environment range 
from microseconds to many millions of years. For higher members of the 
natural series (234/235/238U, 232Th) together with some transuranics and fission 
products (e.g. 99Tc, 129I), no substantial decay will have occurred even over the 
longest assessment time-frames. However, many other isotopes produced by 
nuclear fission (e.g. 60Co, 90Sr, 137Cs) or contained in industrial NORM will not 
persist beyond a few hundred years. The extreme fractionation between 
members of a decay series caused by chemical processing precludes the 
assumption of secular equilibrium in the majority of cases [40]. Clearly, 
therefore, it is essential that a detailed radionuclide inventory be compiled 
before deciding to adopt MNA as a management policy at any given site.
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2.3. PHYSICAL PROCESSES

2.3.1. Introduction

Physical processes involved in natural attenuation (advection, diffusion, 
dispersion) may dilute radioactive contamination or partially remove/relocate 
and spread it (wash-off, erosion, resuspension, volatilization and subsequent 
atmospheric transport). This section presents basic physical processes of 
natural attenuation and approaches for their modelling. All of these processes 
have been intensively studied in relation to general geophysics, hydrology and 
atmospheric physics or in the context of radiation protection and radionuclide 
migration in the environment [41–43]. Substantial progress in this direction has 
been made in the years since the Chernobyl accident [44, 45]. The IAEA has 
released a number of manuals and handbooks on subject areas that are closely 
related to the subject of MNA [46–48]. 

2.3.2. Advection, diffusion, dispersion

The effect of the physical and some of the physicochemical processes on 
migration, concentration and distribution of radionuclides is summarized in 
Fig. 2.

2.3.2.1. Advection 

The term advection describes the movement of solutes and suspended 
matter with the ground- and pore water flow. In porous aquifers, this non-
turbulent, laminar flow follows Darcy’s Law, which defines the specific 
discharge as a product of the hydraulic conductivity coefficient kf and the 
hydraulic gradient J. Assuming homogeneity and isotropy of the porous 
medium:

Vf = kf J  (1)

The effective velocity Ve is the mean transport velocity between two 
points in the aquifer and results from the filter velocity (Vf) and the relative 
effective porosity Ne:

Ve = Vf /Ne  (2)
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2.3.2.2. Dispersion 

Mechanical or hydrodynamic dispersion describes the macroscopic 
phenomenon whereby dissolved constituents, as well as suspended particulates 
and colloids, are transported with different velocities and in different directions 
along the flowpath as a result of inhomogeneities in porous media. This 
dispersion is caused by movement through the pores at variable velocities and 
in different directions and results in a longitudinal, transverse and vertical 
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dispersion of the transported solutes and solids. The dispersion coefficient DM

can be estimated from the dispersivity α and the effective velocity Va [49]:

DM = α Va  (3)

Dispersion is generally higher in the flow direction (longitudinal) than in 
the direction perpendicular to the flow (transversal and vertical). It increases 
with increasing flow length.

2.3.2.3. Diffusion 

The distribution of contaminants in solution undergoes molecular 
diffusion, i.e. it follows the concentration gradient. The flux through a surface is 
described by Fick’s first law [49]:

F = –Dd · δc / δx  (4)

where F is the diffusive flux (mol·cm–2·d–1), Dd is the diffusion coefficient (cm2·d–1),
δc/δx = is the concentration gradient (mol·cm–3·m–1), and c is the concentration 
in the pore fluid (mol·cm–3). 

In diffusive transport in porous media, the pathway around grains also 
has to be included in order to estimate the effective diffusion coefficient D*:

D* = ω Dd  (5)

where ω is an empirically determined parameter [49].

2.3.3. Soil erosion and wash-off

Surface run-off from contaminated land is one of the major processes 
responsible for the contamination of water bodies. Surface run-off effects two 
processes: the wash-out of contaminants in dissolved form and the wash-off of 
sediment particles. Wash-off is the result of various erosion processes and is 
relevant for contaminant transport since contaminants can become attached by 
sorption to the surface of particles or may otherwise be bound onto or locked 
into the particles. The magnitude of surface run-off and, hence, wash-out is 
controlled by a variety of factors and processes [41]. Hydrologists distinguish a 
variety of flows resulting from precipitation reaching the ground:

(a) Run-off, which is made up of various components including overland run-
off, interflow and groundflow;
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(b) Infiltration, which is the amount of precipitation reaching the ground 
minus the various types of run-off. The amount infiltrating depends on 
the drainage properties of the soil, which in turn depend on its prior water 
saturation, grain size distribution, humus content, etc.

While the processes are well understood in principle, they may be difficult 
to determine in their magnitude for a given event or area, e.g. a catchment area. 
Their magnitude depends on a range of additional variables, including:

(a) Magnitude, duration and form (rain, snow, etc.) of precipitation events;
(b) Interception of the precipitation by the canopy, where evaporation 

reduces the amount of water reaching the ground;
(c) Formation of snow layer and snow melt processes that tend to result in 

less overall run-off than that due to rainfall;
(d) Run-off retention and loss in surface depressions, as water from small 

puddles tends to evaporate more quickly;
(e) Evapotranspiration, which is the sum of evaporation processes from the 

soil surface and profile and transpiration by the vegetation cover. Plant 
roots may reach deep into the soil and remove already infiltrated water.

The erosion resistance of a soil depends, not least, on the vegetation 
cover. In addition to reducing the actual run-off by the processes discussed 
above, the plant roots ‘keep the soil together’. Anthropogenic changes to the 
vegetation cover, for example, by clearance logging and ploughing of pastures, 
can dramatically increase soil erosion rates.

In addition to being controlled by the above hydrological processes, soil 
erosion is also governed by the processes involving the dissipation of the 
kinetic energy of rain drops in dislodging soil particles from their structure, 
thus facilitating their wash-out. It is customary to distinguish the following 
mechanisms of soil erosion [50]:

(a) Splash detachment and soil splash transport action caused by rain 
droplets;

(b) Soil detachment and soil transport of interrill or sheet flows;
(c) Soil detachment and soil transport of rill flows of overland run-off and 

subsurface run-off.

The following catchment properties control the soil erosion process 
[42, 51]:
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(a) Physical structure and chemical properties of soil;
(b) Properties of liquid precipitation (size and energy of droplets, time distri-

bution of rainfall intensity);
(c) Hydrodynamic properties of surface and subsurface flows;
(d) Relief of catchment area;
(e) Land use, land cover and agricultural practices;
(f) Seasonal characteristics of vegetation cover in the catchment area.

In addition to the above factors, the erosion behaviour also depends on 
the soil sedimentology, i.e. mainly on the grain size distribution and the 
mineralogy.

A quantitative measure of radionuclide loss from a catchment is the 
wash-off coefficient (Kw). The fraction of total supply of a radionuclide to a 
catchment area leaving as wash-off with solid particles is referred to as the 
‘solids’ wash-off coefficient (Ks) and that washed off in dissolved form is the 
‘liquids’ wash-off coefficient (Kl):

 (6)

where: Cw(t), C*
w are instantaneous and weighted average concentrations of a 

radionuclide in the run-off (Bq/L), respectively; Ca(t), C*
a are instantaneous 

and weighted average specific activities of a radionuclide on suspended 
particles (Bq/g), respectively; m(t) is the intensity of wash-off for suspended 
particles (g/s); M is the total weight of washed-off particles (g); v(t) is the run-
off intensity (L/s); V is the total run-off volume (L); Cs is the surface density of 
contamination (Bq/m2); C*

s is the surface density of pollution averaged over a 
watershed (Bq/m2); S is the watershed area (km2); 0,T are starting and 
termination times (s) of a run-off, respectively; and t is the time (s).

By dividing Kl by run-off depth and Ks by the amount of suspended 
matter washed off from a unit soil surface, normalized coefficients of ‘liquid’ 
(Kl

*) and ‘solid’ (Ks
*) wash-off are obtained, which are equal to the ratio of a 

corresponding weighted average concentration and average density of 
pollution in a catchment area:
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(7)

where h is the run-off depth (mm) and q is the suspension mass washed off 
from a unit watershed area.

The expected run-off depth multiplied by Kl
* and the expected removal of 

suspended material multiplied by Ks
* can be used for predicting the input of 

radionuclides into rivers in solution and bound to suspended particles, respec-
tively.

Some experimentally determined wash-off coefficients for a selection of 
radionuclides are given in Table 2 [51, 52] and these indicate the magnitude of 
secondary contamination of water bodies by surface run-off from contaminated 
catchment areas.

The amount m of soil eroded during a rainfall event on a catchment area 
is given by [50, 51]:

m = hnabk  (8)

which is dependent not only on the run-off depth h, but also on the parameters 
n, a, b and k which are indicators of the type of erosion process, soil type and 
landscape, agricultural practices and slope in the catchment area.

TABLE 2.  WASH-OFF COEFFICIENTS OF SOME RADIONUCLIDES 
IN EXPERIMENTS FROM CHERNOBYL

Radionuclide
Mean annual wash-off coefficient Kw 

(10–3/a)
Kw

*

(10–5/mm)

90Sr 2–6 10–20
106Ru 1–2 0.2–0.7
125Sb 0.3–1 —
134,137Cs 1–4 0.3–5
144Ce 0.5–1 0.2–0.6
60Co 0.5–1 0.2–0.6
239Pu 0.1–0.5 0.1–0.2

K
K

h

K S

V

C

Cl
l l w

s

*
*

*
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q

K S
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s

*
*
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2.3.4. Sedimentation and erosion

Sedimentation and erosion are ubiquitous processes occurring in surface 
waters. The transport behaviour and dispersal of contaminants bound onto or 
within particles, in addition to being subject to chemical interaction with the 
surrounding aqueous phase, are controlled by the processes that control the 
movement of the particles themselves [51, 53]. Hence, sedimentation and resus-
pension become important transport processes to consider.

Accumulating sediments can result in areas with increased contamination 
levels. These areas, under certain conditions of hydrodynamic flow, may 
become a source of secondary contamination when sediments are resuspended 
by erosion from the bottom [42].

The transport of suspended solids is often visually detectable as turbidity. 
Larger particles are not transported in suspension, but roll or jump along the 
bottom surface, a mode of transport not so easily observed. Both bottom 
sediment transport and suspended sediment concentrations increase exponen-
tially with water flow velocities [41]. 

There are conceptual differences in the erosional behaviour of cohesive 
and non-cohesive sediments. A comprehensive treatment of erosion 
mechanisms and their dependence on grain size distributions, grain shape, 
bottom surface roughness and topography, and the sediment mineralogy is 
beyond the scope of this report. The reader is referred to standard textbooks 
on sedimentology [54]. It may suffice here to state that the erosional behaviour 
of clayey sediments, which are important substrates for the sorption of radio-
nuclides, is rather complex owing to the cohesive properties of clays.

Sedimentation in still water can be described in relatively simple terms, 
depending mainly on the viscosity of the water, the shape of the particles and 
their specific gravity. Flow, and in particular turbulent flow, complicates 
matters because of the shear forces acting on particles and the surface of the 
accumulating sediment.

Radionuclide deposition due to sedimentation from a motionless water 
column can be written as:

(9)

where S↓ is the accumulation rate of particles with radionuclides bound to them 
[51] and Kd is the radionuclide distribution coefficient between sediment and 
water.

R K S
c
z

=
∂
∂Ød
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Sediment accumulation rates in surface water bodies depend on the size 
and orography of the catchment area, its geology and pedology, as well as the 
climatic conditions. Values in the range of 0.1–10 mm/a may give an idea of the 
order of magnitude involved. When assessing the fate of contaminants in 
surface water sediments resulting from a singular event, such as an accident, 
the sedimentation rate will have to be taken into account. It may well be that 
the contaminated layer becomes buried quite quickly. While burial in deeper 
sediment layers, which at a later stage often become anoxic, helps to 
immobilize many radionuclides, these layers constitute a potential second 
source if disturbed mechanically or chemically.

The accumulating sediments will, over time, undergo compaction and 
early diagenesis [51]. Owing to its own weight, the sediment becomes increas-
ingly compacted with depth, the excess pore water being expelled to the 
surface. In consequence, a gradient of downward decreasing porosity develops. 
The compaction increases the shear strength owing to closer packing of the 
grains, resulting in a higher erosion resistance. Compaction and early 
diagenesis are also characterized by various geochemical processes that may 
either immobilize or release contaminants, depending on the mineralogy of the 
sediment, its organic matter content and the chemistry of the overlying water, 
etc. The expulsion of the pore waters may result in a release of dissolved or 
colloidal contaminants to the overlying surface waters.

2.3.5. Filtration

Sedimentary and colloidal particles to which radionuclides have become 
bound may be retarded by filtration in porous media. Filtration of particles that 
are appreciably influenced by surface interaction is a complex process to 
describe quantitatively [55]. Screening effects will lead to the exclusion of 
particles, while depth-filtration will result in an effective retardation of 
particles. Depth-filtration results from the tortuous pathways a particle has to 
follow through the network of pores in a sediment body. However, these 
processes are not easy to distinguish in natural sediments as the clogging of 
pores will eventually result in screening effects.

Colloidal particles that are sufficiently small, together with any associated 
radionuclides, may diffuse into ‘dead end’ pore spaces or intercrystalline pores 
in hard rocks and will be physically retarded. The effect will depend on the 
relative size of the particles and the pore distribution of the host medium, 
though even small sized colloids may be removed by fine grained clay matrices 
or fibrous peat.
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The assessment of colloid transport requires comprehensive study with 
respect to permeability, hydraulic conductivity, pore size distribution, hetero-
geneity, fracture (size) distribution (see Section 2.4.7 on colloid formation).

2.3.6. Gaseous transport

2.3.6.1. Volatilization

Volatilization is the conversion of a solid or liquid to a gas or vapour by 
application of heat, reduction in pressure, chemical reaction or by a 
combination of these processes. Some radionuclides (e.g. 129I, 36Cl) may be 
volatilized in the form of organohalides. Chant et al. [56], for instance, highlight 
the atmospheric dispersion of these isotopes following the Chernobyl accident 
and their subsequent concentration in lichens (Parmelia sulcata). According to 
Ref. [57], the effect of volatilization and dispersion of iodine is counteracted by 
pronounced and specific fixation on humic substances after deposition.

Volatile hydride, methylated and permethylated forms of several metals/
metalloids (e.g. bismuth, lead, polonium and selenium) are generated 
microbially in the subsurface; a factor that has yet to be taken into account in 
safety assessment studies [58]. The process has been known for some time, 
though only with the advent of modern mass spectrometric techniques has 
accurate identification and measurement been possible. Those radionuclides 
showing a tendency for volatilization as organometallic compounds include 
bismuth, lead, polonium, selenium and tin.

Of particular interest is the microbial mobilization of species incorpo-
rated in phases normally regarded as insoluble in ground- or  surface waters. 
Sulphate reducing bacteria acting on baryte or phosphogypsum can promote 
the release of radium into solution together with polonium and 210Pb as 
volatiles [59, 60]. The concentration of sulphide is the key determinant of 
whether polonium and lead are mobilized or, at higher S2- levels, co-precipi-
tated as metal sulphides.

The methylation of polonium has been investigated in both saline and 
freshwater environments [61, 62]. Under more saline conditions methylco-
balamin promoted volatilization but in neither case did any reaction occur 
when biological activity ceased. These findings suggest that biological 
mediation is a widespread phenomenon affecting the transfer of polonium to 
the gaseous phase.
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2.3.6.2. Gas migration

As a noble gas, radon produced by decay of parent radium isotopes will 
escape from well-ventilated soils or residues leading to a dispersion of its 
progeny (210Pb, 210Po). This obviously needs to be taken into account when 
discussing natural attenuation at uranium or radium contaminated sites. The 
literature describing radon transport in soils [63] and accumulation in buildings 
or underground workings is very extensive and details need not be provided 
here. A recent paper dealing with radon emanation from uranium mill tailings 
[64] describes a simple 1-D model of transport through the unsaturated zone 
and serves as an introduction to the interested reader.

2.3.6.3. Airborne particulates

The atmosphere can provide for rapid dispersal and deposition of radio-
nuclides over long distances away from a release point. As in the case of 
aqueous media, the transport of radionuclides in the atmosphere is effected by 
advection, aerodynamic dispersion and diffusion that occur on local and global 
scales [44, 45]. Once a contaminant is released, dilution and mixing are induced 
by turbulent eddies and wind shear. In the vertical dimension, these eddies are 
limited in size by atmospheric mixing layers, whereas in the horizontal 
dimension, they extend up to the scale of large weather systems.

The advective component can be determined by wind speed 
measurement and the monitoring of air masses as part of local, regional or 
global scale weather monitoring networks. Meteorological offices routinely use 
such data in forecast models to analyse wind fields over a region and to forecast 
future development.

The greatest risk is associated with submicrometre-sized particles since 
these can be subsequently inhaled and cause damage to the lungs. Particulates 
are removed from the atmosphere by two principal mechanisms: wet and dry 
deposition.

Wet deposition is the removal of particulates from the atmosphere by 
various types of precipitation. The process involves the dissolution of gases or 
the incorporation of particles within raindrops and the subsequent deposition 
of the drops onto the ground or the vegetation. The removal of radioactive 
particles from the atmosphere by wet deposition depends on complex physical 
and chemical processes that are a function of both the conditions within and 
outside the cloud bearing layers of the atmosphere. These processes include 
nucleation scavenging, particle diffusion to cloud and rain droplets, 
aerodynamic and electrostatic capture, thermophoresis and diffusiophoresis [45].
17



The rate of wet deposition D can be estimated according to the following 
equation [44]:

(10)

where R is rainfall rate; h the thickness of the contaminated layer; C the 
average concentration in the air; λ the wash-out coefficient, which is of the 
order of 0.1; vw the wet deposition velocity, which is in the range 1–20 cm/s.

Removal from the atmosphere by dry deposition is important within the 
atmospheric surface layer where the airborne radioactivity may come in 
contact with the ground or vegetation by a variety of mechanisms that include 
diffusion, gravitational settling, impaction, interception, electrostatic effects, 
diffusiophoresis and thermophoresis. The rate of dry deposition depends on 
the product of the atmospheric concentration and a so-called deposition 
velocity vd. Many particles have a vd in the range 0.01–0.1 cm/s, compared 
with 0.1–1 cm/s for reactive gases [44]. Deposition rates also depend on the 
stability of the air mass and the nature of the surface (bare, vegetation, etc.).

Resuspension is the process by which previously deposited material 
becomes entrained in the atmosphere. Particles may be resuspended as a result 
of the direct shearing action of the wind or indirectly by the shaking of plant 
leaves on which particles may have been deposited. It is clear that resuspension 
is most likely to occur in dry windy conditions; wet conditions increase the 
surface adhesion, for instance owing to capillary forces between the particle 
and the surface. Generally, the magnitude of resuspension is difficult to predict 
[44].

To describe resuspension quantitatively, the term resuspension factor RF

was introduced, which is the ratio of the airborne concentration (Bq/m3) to the 
material on the surface (Bq/m2). For instance at the Chernobyl site RF was 
estimated for particles less than 10 mm diameter and for those greater than 
15 mm [65]. The smaller particles had RF values of around 2 × 10–10 m–1, whereas 
the larger ones had values ranging from 2 × 10–10 to 1.7 × 10–9 m–1, depending on 
the location. Estimations of the resuspension rate, RR, that is, the fraction of the 
surface deposited activity resuspended per second, in general have a great 
degree of uncertainty, ranging from 5 × 10–12 to 5 × 10–10 s–1 for 137Cs.

Forest and bush fires may also cause large quantities of material to 
become airborne. For instance, a fire in the 30 km exclusion zone around the 
Chernobyl plant in 1992 caused the airborne concentration of 137Cs to increase 
tenfold to 2.1 mBq/m3. About 5% of the deposited material was released 
during the three-day fire, mainly from the leaf litter which had an effective RR

of 10–7 s–1.

D hCR v C= =l w
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2.3.6.4. Modelling airborne transport

The simplest airborne transport model is the Gaussian plume model, 
which requires only the wind speed and direction at the release location along 
with estimates of both atmospheric stability and the source term [46, 47]. For a 
continuous release from an elevated point source under constant wind velocity 
and atmospheric conditions the Gaussian plume model [47] may be 
represented by:

 (11)

where CA(x, y, z) is the air concentration (Bq/m3) at a point (x, y, z) downwind 
of the release; x is the downwind distance (m); y is the crosswind distance (m); 
z is the height above ground (m); Qi is the release rate for radionuclide i (Bq/s); 
σy,σz are the dispersion parameters (m) that are a function of downwind 
distance x and atmospheric stability; u is the mean wind speed (m/s); and H is 
the effective height of release above ground (m).

In fact, the value of H is the physical stack height of the release point plus 
an allowance for any additional plume rise owing to momentum (e.g. from fan 
driven exhausts) or buoyancy (e.g. from hot flue gases). The effective stack 
height depends on atmospheric conditions and may be higher for quiet weather 
than for windy conditions in which case it would be closer to the physical stack 
height.

The dispersion parameters incorporate the basic assumption of the model 
whereby a plume spreads both laterally and vertically with a Gaussian distri-
bution. The form of the model represented by Eq. (11) includes reflection of 
the plume at ground level. In theory, the Gaussian plume model is limited to 
rather simple dispersion situations [47]; however, in practice it has been 
successfully applied to a wide variety of dispersion problems.

Over long distances, modelling may require trajectory analysis. The 
simplest long range dispersion models merely involve assuming a plume 
extending along the estimated trajectory, similar to an extended version of the 
Gaussian plume model used at shorter distances. The models presented are 
designed for use with releases from point sources, not area or volume sources 
such as uranium mill tailings. It has been suggested, however, that the following 
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procedures could be used to calculate the concentration in air from an area 
source [47]:

(a) Calculate a pseudo-point source release rate by integrating over the 
entire area of the source;

(b) Assume the release height to be zero;
(c) Locate the release point at the edge of the area source nearest the 

location of concern.

Use of this procedure should result in a conservative estimate of the 
concentration in air [47]. What is to be considered a point source and what 
would be an extended source also depends on the size of the source relative to 
the size of the domain over which transport is to be modelled.

2.4. CHEMICAL PROCESSES

2.4.1. Introduction

Speciation refers to the different chemical forms of an element that 
together make up its total concentration in solution. Simple inorganic ions in 
aqueous media often react with other ions present to produce stable ion pairs 
or more complex molecules. These species, in turn, influence interaction with 
mineral surfaces, bioavailability and the tendency to form solid compounds. 
The reactions are amenable to treatment using thermodynamically based 
numerical models and such tools are now used routinely in groundwater 
protection to predict the sensitivity of aquifer systems to environmental pertur-
bations. For a summary of the current status the reader is referred to one of 
several excellent textbooks on the subject [66, 67].

2.4.2. Aqueous complexation

Approaches to modelling aqueous speciation entail minimizing the Gibbs 
free energy of a system at equilibrium, either directly [68] or indirectly [69]. 
The latter is far more common; thus, for the general reaction:

aPx+
(aq) + bQy–

(aq) ¤ PaQb
ax–by

(aq) (12)

A formation constant, b, is defined as:
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 (13)

where x and y are the ionic charges, a and b stoichiometric reaction coefficients 
and the square brackets denote activities.

In any closed system, a mass balance may be written for each chemical 
component. Therefore, by substituting mass action expressions of the type 
shown above into the mass balance terms and solving the resulting equations 
numerically the minimum Gibbs free energy condition, corresponding to 
system equilibrium, may be calculated.

Each of the equilibrium speciation models described in Section 5.1 
employ a thermodynamic database comprising formation constants of this type. 
In recent years many such databases have been compiled, each differing from 
the next depending on perceived requirements, alternative methods of data 
manipulation and the compiler’s judgement [70]. Often, the selections were 
based on earlier compilations by other workers, with the result that errors were 
propagated. An example in the case of uranium chemistry is described below.

The following sections, summarizing current knowledge of the aqueous 
geochemistry of some relevant radionuclides, draw heavily on the findings of 
the OECD Nuclear Energy Agency’s (OECD/NEA) thermodynamic database 
(TDB) [71], since this source is indispensable in the present context. The 
situation with respect to mineral solids is rather different, as discussed further 
in Section 2.4.4.

2.4.3. Complexation by natural organic matter

A number of radionuclides exhibit significant migration potential in the 
presence of aqueous, low molecular weight organic compounds [72, 73]. 
Equally, however, immobile organic matter in the form of peat [74–76] or 
organic-rich horizons in soils and sediments may provide an excellent substrate 
[74, 77] for radionuclide retention. These phenomena have been studied 
extensively in the context of ‘natural analogue’ studies used in the performance 
assessment of radioactive waste repositories [38, 39, 78, 79]. Uranium concen-
trations approaching percentage levels have been reported in peat from 
Canada and northern Europe, whereas iodine, often considered to be a 
conservative tracer in such assessments, has been shown to be fixed in organic-
rich lacustrine deposits [80].

b = +

[ ]

[ ]  [ ]
(aq)P Q

P Q
a b

ax by

x a y b

-

-
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2.4.4. Precipitation and dissolution

This section and the next address heterogeneous reactions rather than 
those occurring exclusively in solution. As with aqueous chemistry, the focus is 
on equilibrium approaches, given the comparative lack of rate constants. 
However, heterogeneous reactions are generally much slower than those in 
solution and so examples are given of non-equilibrium behaviour where data 
allow.

Precipitation and co-precipitation are the most significant processes 
leading to the fixation of trace elements in rocks and soils. The converse 
process of dissolution is the key to determining source terms for contaminants. 
They can be represented by mass action expressions analogous to those for 
aqueous complexes:

S(s) ¤ cPx+ + dQy–  (14)

Ksp = [Px+]c [Qy]d  (15)

where c and d are stoichiometric coefficients and Ksp is the solubility product of 
solid S.

Dissolution is often a slow process and one controlled by the surface layer 
exposed to solution. Release of trace components is difficult to predict but 
congruency with the dominant ions present cannot be assumed. Weathering of 
uranium and thorium ores invariably leads to fractionation. Oxidation of 
uranium and complexation of the uranyl ion in solution results in greater 
mobility and transport further from the source [81, 82]. The rare earth 
elements, which are predominantly trivalent, display enhanced mobility 
relative to thorium but tend to be less easily transported than uranium [83]. 
These observations may provide some insight into the likely fate of the 
trivalent transuranics, such as americium or curium. 

Very few natural minerals display their ideal stoichiometric composition 
owing to lattice substitution. The resulting solid solutions may be homogeneous 
but, more commonly, substitution leads to structural rearrangement and zoning 
[84]. Several theoretical approaches to the treatment of dissolution/precipi-
tation of solid solutions have been developed. These differ in the method used 
to account for the activity composition relationship in the solid phase.

Relatively few natural series radionuclides and no artificial isotopes will 
exist in sufficient mass concentrations to precipitate as a pure phase from 
ground-, surface or pore waters. The exceptions are uranium, lead and thorium. 
Radionuclides present at very low mass concentrations can nevertheless form 
solid phases by co-precipitation in mineral lattices. An important example from 
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both a nuclear and NORM perspective is the high selectivity shown by radium 
for baryte, a system that has been very well characterized [85] and is also 
exploited in a remediation context [86, 87]. It is likely that transuranic isotopes 
would be similarly incorporated in uranium- and lanthanide-bearing minerals. 
There is evidence that this would be the case from extensive laboratory studies 
[88], though it remains to be confirmed in the field. Establishing the 
geochemical controls on migration of artificial radionuclides represents the 
major challenge to workers involved in remediation of legacy nuclear sites.

Co-precipitation on ferric oxyhydroxide flocs is an extremely efficient 
removal mechanism for a large number of radionuclides in solution. As the 
contaminants tend to be released upon crystallization to goethite, the process is 
often classified under the more general heading ‘sorption’.

At its simplest and in the absence of further information, the activity of 
an end member component is often assumed to be proportional to its 
respective mole fraction [89]. However, this assumption has little experimental 
basis. The degree of equilibrium attained during solid solution–aqueous 
solution reactions determines the composition of the solids formed during 
precipitation and the final composition of the aqueous phase. If diffusion is 
effective throughout the solid phase and full equilibrium is maintained, compo-
sitionally homogeneous crystals may form. This is termed Berthelot–Nernst 
precipitation [90] and represents one end of the spectrum. If, on the other hand 
diffusion in the solid phase is slow, the interior of a crystal will lose contact with 
its surface and the aqueous phase leading to compositionally zoned crystals. 
A commonly used convention to account for the latter type of behaviour is the 
Doerner–Hoskins Law, originally derived for the radium–barium sulphate 
system [91].

In practice, the precipitation process is more complex and highly parame-
terized models are needed to account for the evolving solid and liquid phases. 
Lippmann [92] introduced the concept of the ‘total solubility product’ variable, 
SP, given by:

SP = KBAXBAγBA + KCAXCAγCA  (16)

where KBA and KCA are the solubility products of pure end member phases, BA 
and CA, XBA and XCA are the corresponding molar fractions in the solid 
solution and γBA, γCA are the activity coefficients of the two components in the 
solid phase. Thus, the total or overall solubility product is not a constant but a 
function of the solid solution composition (solidus relation). It is also a function 
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of the aqueous solution composition, which changes in response to the solid 
(solutus relation):

 (17)

 (18)

 (19)

where γB
+, γC

+ are the activities and mB
+, mC

+ the molalities of the aqueous ions, 
respectively.

Solidus and solutus curves can be plotted to predict the solubility of any 
binary solid solution and tie lines used to obtain the solid and aqueous phase 
compositions for any given equilibrium state.

Further refinements to the above modelling approach can be introduced 
to reflect the fact that formation of solid solutions often occurs at supersatu-
ration rather than equilibrium. A paper by Putnis and co-workers describes the 
current state of the art [93]. Ceccarello et al. [94] discuss recent data for radium 
incorporation in baryte scale.

2.4.5. Sorption

2.4.5.1. Introduction

Adsorption is the net accumulation of matter at the interface between a 
solid phase and an aqueous solution [95]. It may be brought about in several 
ways ranging from relatively weak van der Waal’s attraction to specific 
chemical bonding between the aqueous species and functional groups on the 
surface. The former is easily reversible, whereas the latter often displays 
hysteresis owing to slow desorption kinetics. Both depend on the availability of 
surface sites and, hence, are a function of grain size, mineralogy and the 
solid:solution ratio. Chemical bonding, which results in structural 
rearrangement of the surface, is considered the first step in the formation of a 
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discrete solid phase. It is without doubt an important though transient process 
in the sequestration of aqueous ions in natural waters.

The related term ‘sorption’ has been employed somewhat loosely in the 
field of radioactive waste management to describe almost any form of trace 
element partitioning between solution, usually groundwater, and a solid 
surface. Idealized reversible equilibrium is typically assumed. When used in 
this way, it is taken to encompass not only surface adsorption in the strict sense, 
but processes more accurately described as co-precipitation since they are not 
confined to the mineral surface. This has led to confusion in the past and to 
misinterpretation of field and laboratory data. Precipitation processes are dealt 
with separately in Section 2.4.4 as the latter clearly extends beyond the surface, 
resulting in the formation of a defined mineral phase [96]. 

Clay minerals typically show a strong affinity for radionuclides in the 
cationic form [97–100]. Geological media with high clay mineral contents are 
more likely, therefore, to effect attenuation. Adsorption and ion exchange would 
be expected to play an important role in retarding the migration of soluble 
mono- and divalent ions. Examples include the pronounced retention of caesium 
on zeolites (e.g. clinoptilolite [101]) and the substitution of strontium for 
interlayer cations in smectites [102, 103]. For multivalent ions surface sorption is 
an important transient in the formation of new mineral phases [104, 105]. 

2.4.5.2. Empirical approaches to surface adsorption

Several models have been used to describe surface adsorption. The 
simplest are empirical and use experimentally derived ‘equilibrium coeffi-
cients’ to account for the partitioning between solid and solution. Since the 
experiments are usually performed at constant temperature, these models are 
termed ‘isotherms’. The most commonly used are the Freundlich [106] and 
Langmuir [107] isotherms, though many others exist, for example the Redlich–
Peterson and Dubinin–Radushkevich [108] isotherms. The Freundlich isotherm 
is given by:

Csorb =K[Csol]
n  (20)

where Csorb is the sorbed concentration, Csol is the concentration in solution, 
and K and n are constants. The latter constant (n) is obtained from a plot of log 
Csorb against log Csol and normally has a value below unity. When n is unity, the 
above equation reduces to that for linear, reversible sorption with K becoming 
the distribution coefficient, Kd.
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The Langmuir isotherm also has two adjustable parameters and is given 
by:

 (21)

where M is the maximum amount of solute adsorbed, or sorption capacity. 
When Csol is small and KCsol is <<1, then the equation reduces to that for linear, 
reversible sorption with KM again becoming the distribution coefficient, Kd.

The appeal of these relationships lies in their simplicity, the ease of 
generating experimental data from batch experiments and the wealth of 
empirical measurements in the literature. An evaluation of the data require-
ments of different isotherm models and their application in radioactive waste 
disposal has been made by Kinniburgh [109].

Kd values are widely used in experimental evaluations and in 
performance assessment for radioactive waste repositories in spite of their 
limited theoretical foundation. Most nuclear waste disposal agencies have a 
database of Kd values, which they draw on for safety calculations. Several were 
compared by McKinley and Scholtis [110], who found large differences in the 
constituent data and supporting documentation. More recent reviews suggest 
that the situation has changed relatively little in the intervening years [111, 112].

Critics of empirical isotherm models focus on the underlying assumptions, 
principally:

(a) They take no account of aqueous chemistry;
(b) The solute behaves ideally in solution and the process of solute uptake 

has no effect on the solid phase;
(c) Adsorption and desorption are equally rapid such that instantaneous, 

reversible equilibrium is maintained;
(d) There is no competition for surface sites.

Perhaps the main shortcoming, however, is that for many elements the 
models do not represent the processes actually occurring. For example, a 
Freundlich isotherm or even a constant Kd model may be sufficient to account 
for uptake of caesium on kaolinite but would be less successful if applied to 
more highly charged or complexed aqueous species.

As with many types of model, the level of sophistication needed with 
respect to conceptually representing processes may vary with the scales of 
space and time. The Kd concept may well be applicable to large scale models of 
low spatial resolution.
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2.4.5.3. Mechanistic approaches to surface adsorption

Surface complexation models were developed in order to characterize 
adsorption at amphoteric surfaces in terms of chemical and electrostatic inter-
actions. Many minerals contain functional groups on the surface that acquire an 
electrical charge, depending on the redistribution of aqueous species in the 
interfacial region [95, 113]. They include the clays, with silanol and alumina 
groups, and oxides/hydroxides. In these models, the adsorbed ions are assumed 
to be positioned at one or more planes. The number of planes varies according 
to the model but the basic principles are the same [95]:

(a) There are specific sites on the surface where adsorption reactions take 
place;

(b) These reactions can be described quantitatively, via mass action laws;
(c) The charge on the surface results from adsorption/desorption reactions;
(d) The activities of the sorbed ions include a contribution relating to the 

potential of the adsorbing plane.

Thus, for deprotonation of a surface site:

SOH2
+ ¤ SOH + H+

s  (22)

The reaction is written as:

K = {SOH}{H+
s}/{SOH2

+}  (23)

where the subscript s indicates the species located at the surface, K is the 
equilibrium constant and {} denotes activity at the surface.

The activity of a surface species can be related to its activity in the bulk 
solution by considering the electrostatic work involved in transporting ions 
through the interfacial potential gradient:

{H+
s} = {H+} exp(-ey/KbT)  (24)

where e is the electronic charge, y is the potential at the surface, Kb is the 
Boltzmann constant, and T is the absolute temperature.

If it is assumed that surface species have the same activity–concentration 
relationship, then

K = ([SOH]{H+}/[SOH2
+]) exp(-ey /KbT)  (25)
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Several such models have been developed, the most commonly used 
being the constant capacitance [114], diffuse double layer [115], triple layer 
[116] and non-electrostatic models [117]. Briefly, the constant capacitance 
model assumes that all of the adsorbed ions are attached to a single plane and 
are at the same potential. The surface potential is taken to be linearly related to 
the surface charge:

s = Cy  (26)

where s is the charge and C the capacitance.
The diffuse double layer and triple layer models relate surface potential 

to charge via the Gouy-Chapman description of Helmholtz planes and invoke a 
larger number of adjustable parameters. The latter include the specific surface 
area of the adsorbent, the capacitances of the surface layers, the concentration 
of available sites and a set of constants for the surface reactions (protonation 
and deprotonation of the surface as a function of pH, adsorption of background 
electrolyte ions and the ions of interest, etc.). This may account in part for their 
greater success in reproducing experimental data. For further details the reader 
is referred to Dzombak and Morel [95].

Although they represent a significant advance on the empirical 
approaches described previously, surface complexation models have their 
limitations. The constant capacitance model, for example, takes no account of 
the ionic strength of the solution. The double and triple layer models do 
account for such factors but imply in-depth knowledge of the attachment 
mechanism at the surface, a level of detail that is difficult to obtain directly 
from experiment and often out of scope in field cases.

2.4.5.4. Ion exchange

Ion exchange is also often included under the heading ‘sorption’. At its 
most general, it involves the replacement of one ionic species in a solid phase 
by another taken from solution. For an exchange between cations M and N this 
can be represented by the equation:

MnX + mNn+ ¤ NmX + nMm+  (27)

The process may take place at the mineral surface or, in the case of some 
phyllosilicates (e.g. swelling clays), by replacement of interlayer ions. Only fully 
solvated ions bound via outer sphere complex or diffuse ion swarm 
mechanisms are readily exchangeable such that ion exchange as usually defined 
is a non-specific, reversible, adsorption process involving electrostatic bonding.
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The most important phases for ion exchange reactions are the clay 
minerals and zeolites, which tend to have permanently charged surfaces and 
significant cation exchange capacities. In alkaline soils the readily 
exchangeable cations are Ca2+, Mg2+, Na+ and K+. In acidic soils the most 
important exchangeable cation is Al3+, followed by Ca2+ and Mg2+. Ion 
exchange for high valence radionuclides appears to be much less significant 
owing to size–charge considerations and ease of hydrolysis. However, the alkali 
and alkali earth ions are readily bound by montmorillonite. The potential 
retardation of 137Cs+ and 90Sr2+ accounts for the popularity of bentonite as a 
candidate backfill for repositories.

2.4.6. Isotopic substitution

Another, possibly minor, mechanism that can lead to a reduction of a 
radioactive contaminant in the aqueous phase is isotopic substitution. This 
phenomenon is based on dissolution/precipitation or desorption/sorption 
processes where an inactive compound is dissolved or a non-radioactive 
isotope is desorbed. At a later precipitation or sorption stage the isotopes are 
built into the solid or sorbed according to their isotopic ratio in the solution, 
which has now been isotopically diluted by the inactive isotopes. Both the 
heterogeneous reaction and the dilution lead to an attenuation of the dissolved 
concentration of the radioisotope.

2.4.7. Colloid formation

Colloids are a specific form of solid matter in aqueous solution in which 
particle interactions prevent sedimentation. Colloids can form as the result of 
mechanical dispersion of solids (rock fragments, sediment grains, bacteria, etc.) 
or by precipitation from solution. The behaviour and stability of colloidal 
solutions is controlled mainly by pH and ionic strength. Both parameters 
control the surface charge and diffuse layer around the suspended particulates, 
hence their interaction. Increases in the ionic strength or a decrease in the pH 
of the media will reduce the surface charge and consequently the intensity of 
particle interaction. McCarthy and Zachara [118] describe three main steps in 
mobile colloid formation. The first step involves the formation of a colloidal 
suspension in pore water. In the second step, the colloids must become 
stabilized in the groundwater. In the third step, the stable colloid will either be 
transported or filtered.

There are different types of colloid that can be seen in groundwater, some 
of these are summarized as follows [119, 120]:
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(a) Mineral fragments are generally hydrophobic, hard particles that are 
kinetically stabilized by electrostatic forces and many consist of 
crystalline or amorphous solids. Mineral fragments may act as substrates 
for sorption of radionuclides. They may also consist of precipitated or co-
precipitated actinide solids.

(b) Humic substances are generally hydrophilic particles that are stabilized 
by solvation forces. They can be powerful substrates for uptake of metal 
cations and are relatively small (less than 100 000 atomic mass units).

(c) Microbes are relatively large colloidal particles that are stabilized by 
hydrophilic coatings on their surfaces that behave as steric stablizing 
compounds. They may act as substrates for extracellular actinide 
sorption, or they may actively bioaccumulate radionuclides intercellu-
larly.

Colloid stability and concentration are very important factors relating to 
colloid transport. In order for radionuclide-bearing colloids to affect radio-
nuclide transport, the colloidal dispersion must be stable for the time-frame of 
transport and must carry significant amounts of radionuclides. Transport times 
can range from days to years or hundreds of thousands of years for retarded 
transport to the accessible environment. The more stable colloids, however, 
may remain suspended for years and travel a much greater distance [121].

The stability and the coagulation, or agglomeration, of colloids are 
controlled by electrostatic and chemical processes at the colloid surfaces. 
Hydrophobic colloidal particles are kinetically stabilized and destabilized by 
electrostatic forces. Mineral fragments, which are a hydrophobic colloid type, 
are affected by ionic strength in this way. Hydrophilic colloidal particles are 
stabilized by solvation forces, which are largely independent of the ionic 
strength of the dispersant. This type of colloidal particle is essentially a 
dissolved macromolecule. Humic material is an example of the traditional 
hydrophilic colloid type.

2.5. BIOLOGICAL PROCESSES

2.5.1. Overview

The affect of organisms on the fate of contaminants in soils can be direct 
and indirect. Biological activity in a soil system is strongly affected by the soil’s 
physical and chemical characteristics, including acidity, redox potential, 
nutrient availability, pore space availability, etc. In turn, biological activity 
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changes the physical and chemical characteristics of the environment, and then 
is able to affect, indirectly, contaminant speciation and mobility.

The role of metalloids as a substrate on which to grow microorganisms is 
gradually being considered: bacteria contribute actively to the cycles of iron, 
uranium, arsenic, selenium, etc. Microorganisms can utilize redox reactions of 
metals or metalloids in their energetic metabolism. Thus, metabolic activity can 
result in the direct reduction or oxidation of contaminants. It can also lead to 
contaminant accumulation in a biological matrix, complexation by organic 
ligands (intra- or extracellular), methylation and volatilization (see Section 
2.3.6.1). Biological processes can enhance the retention of radionuclides in a 
soil or a sediment but the sustainability, efficiency and duration of these 
processes depends on many parameters, such as the presence and diversity of 
micro- or macroorganisms, the toxicity level of the contamination to these 
organisms, nutrient availability, and the bulk chemical conditions in the 
medium (especially redox and pH). These parameters are sometimes difficult 
to estimate in the context of the envisaged long term natural attenuation 
processes.

2.5.2. Biologically induced physical changes

Macrobiota, such as plants and macrofauna, affect the soil texture and 
porosity distribution by creating preferential water flow pathways along 
(decayed) roots and through bioturbation by worms or by other burrowing 
invertebrates and vertebrates. These processes lead to a heterogeneous distri-
bution of permeability, but in the case of extensive bioturbation also to a 
mixing and homogenization over the longer term. Therefore, these processes 
may change the hydrodynamic properties of the geological media over time 
and cause the dispersion of the contaminants.

The physical process of bioturbation and the ensuing mixing of soils will 
also affect the redox state of soils and stream and lake sediments. Namely, 
bioturbation may introduce oxygen into the affected layers.

2.5.3. Biologically induced chemical changes

2.5.3.1. Metabolic effects

Living cells extract their energy and matter from their environment for 
metabolic, growth and reproductive purposes. Energy gain involves the 
transfer of electrons from an electron donor to an electron acceptor. Electron 
donors and terminal acceptors can be inorganic as well as organic components. 
Together with the energy source (carbon), they define the trophic status of the 
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living organisms (Table 3). The chemo-lithotrophic and chemo-organotrophic 
bacteria are directly involved in the increase in solubility of metals, metalloids, 
radionuclides, etc., due to strongly complexing components and by modifying 
pH and redox conditions (e.g. oxidation or reduction of iron, manganese and 
sulphur) [122].

Table 4 highlights the possible effects of the metabolism of living 
organisms on the chemical properties of soils and groundwaters. For instance, 
photosynthesis leads to an increase in the redox potential (O2 production), 

TABLE 3.  MAJOR TROPHIC STATUS OF LIVING 
ORGANISMS

Electron donor

Mineral 
phase

Organic 
matter 

E
ne

rg
y 

so
ur

ce

Light Photo- 
lithotrophy

Photo- 
organotrophy

Chemical 
reaction

Chemo- 
lithotrophy

Chemo- 
organotrophy

TABLE 4.  SOME METABOLIC MECHANISMS OF MAJOR INTEREST IN 
SOILS

Trophic status Electron 
donor

Electron 
acceptor

Metabolic
by-products

Metabolic
mechanism 

Photo- 
lithotrophy

H2O CO2 O2 Photosynthesis  
(e.g. plants, 
cyanobacteria) 

Chemico- 
organotrophy

Organic 
compound

Organic 
compound

Lactate,  
acetate

Fermentation  
(e.g. yeasts in 
anaerobic 
conditions)

Organic 
compound

O2 CO2 Aerobic respiration

Organic 
compound 

Inorganic 
compound other 
than O2, e.g. SO4

2–, 
Fe(III), NO3

–

CO2

HS-, Fe(II), 
NH4

+

Anaerobic 
respiration  
(e.g. sulphate 
reducing bacteria)
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whereas fermentation and aerobic and anaerobic respiration lead to a decrease 
of this potential (e.g. O2 consumption or release of organic acids or HS–). By 
producing CO2, respiration processes acidify the environment surrounding an 
organism. These changes can affect the speciation of the contaminants in the 
vicinity of the biologically active zone, especially the redox speciation (Fig. 3) 
[123]. In addition, fulvic and humic acids are partly the result of the biological 
activity in soils. Biological activity also directly affects complexation capacity, 
exchange capacity and colloid mediated transport in soils.

Anaerobic bacteria in the subsurface are able to respire on a variety of 
terminal electron acceptors (e.g. NO3

–, Fe(III), SO4
2–, Mn2+ [124]), including trace 
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FIG. 3.  Redox potential of selected radionuclides compared with standard redox poten-
tials of major biological reactive by-products. Modified after Charlet et al. [123].
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metals such as U(VI) [125], Tc(VII) [126] and possibly Pu(V) or Pu(VI) [127], 
leading to the production of insoluble species, such as UO2(s), and to a following 
decrease of contaminant mobility. Since bacteria respiration processes occur on 
their cell membrane, the respiration processes involving xenobiotic compounds 
could take place either on the outside of the cell membrane or within it; for instance, 
U(VI) is brought into the periplasm, where it is reduced to UO2(s) and then secreted 
from the cell [128]. 

More complicated schemes involving biologically enhanced inorganic 
processes can also take place in a biologically perturbed area. For instance, 
Liger et al. [129] have shown that U(VI) is efficiently reduced by Fe(II) sorbed 
onto haematite surfaces. Reduction processes in a multiple step mechanism are 
likely to occur, including biological Fe(III) oxyhydroxide reductive dissolution, 
followed by Fe(II) readsorption on the solid and heterogeneous catalysis of 
redox reaction at the solid–water interface [130]. Beyenal et al. [131] suggest 
that sulphate reducing bacteria immobilize uranium both enzymatically (likely 
with cytochrome implicated [132, 133]) and chemically (by reaction with 
microbially generated H2S).

2.5.3.2. Biosorption, biotransformation and bioaccumulation

Metals are bound to living or dead cells by the same mechanisms as those 
causing sorption on inorganic compounds, e.g. Van der Waal’s and electrostatic 
interactions. Cell walls and membranes are likely to sorb metals owing to the 
presence of carboxyl, phosphoryl and amine functional groups on polysaccha-
rides, lipids and proteins. See, for instance, Refs [128, 134] for uptake on 
bacteria, Ref. [135] for uptake on the yeast Saccharomyces cerevisiae and Ref. 
[136] for uptake by algal and fungal biomasses.

The UO2
2+ ion can be complexed with functional groups, such as 

phosphate and carboxyl groups, on bacterial walls. It has been shown that 
uranium is significantly sorbed onto Shewanella putrefaciens, an anaerobic 
Gram negative bacterium, in the 2–8 pH interval [128]. Since the bacterial 
uranium uptake is reversible by decreasing the pH, the uptake phenomenon is 
likely to be due to adsorption and not to incorporation into the cell or to other 
metabolic activity. In aerobic media, Gram positive bacteria, such as Bacillus 
sp., are also able to sorb U(VI) on their cell wall [134].

Several studies have shown the biosorption of thorium (Th4+) onto fungal 
biomasses, such as Rhizopus arrhizus and Aspergillus niger [137, 138]. In this 
way bacteria contribute directly to the cation exchange and sorption capacity of 
soils.

The biosorption of contaminants on cell membranes can also result in an 
accumulation in the colloidal organic fractions that can drag these elements 
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towards the bottom. This mechanism was observed for plutonium at different 
US and German sites [122].

Bioaccumulation concerns only the living cell because this mechanism 
involves passive diffusion and active transport into the cell. Sometimes, 
bioaccumulation leads to the precipitation of metals inside the cell. This has 
been observed for several elements, e.g. lanthanum, uranium and thorium 
[139]. The accumulation of uranium is notable in some microorganisms such as 
Aspergillus ochraceus [140] and Mycobacterium smegmatis [141].

In the cell, toxic metals and radionuclides may be sequestered by cysteine 
metallothioeins [142] and in fungi, compartmentalized into the vacuole [138]. 
Investigations performed on cell thin sections have shown UO2

+ accumulation 
on the inner and outer membranes of Citrobacter sp. and Pseudomonas sp. [143, 
144], and in the cytoplasm of Pseudomonas aeruginosa [145].

Once accumulated on or incorporated into a living cell, contaminants can 
be degraded or transformed as a result of the cell’s metabolic activity. Biodeg-
radation typically only happens to organic contaminants and proceeds to some 
other (smaller) organic compounds or, finally, to inorganic compounds such as 
CH4 or CO2. Metals and radionuclides cannot be biodegraded, but their 
speciation and subsequent mobility can be drastically altered through the 
action of living organisms. However, bioaccumulation (e.g. in plants and 
mushrooms) can have the unwanted effect of generating secondary sources for 
migration and can also result in exposure when consumed.

Examples of anaerobic respiration involving U(VI) and subsequent 
precipitation as U(IV) were given in Section 2.5.3.1. Uranium(IV) is likely to 
be secreted by the cell in a solid form which then accumulates outside the cell. 
The microorganisms catalyse the transformation by enzymatic complexes. 
Amachi et al. [146, 147] demonstrated the capability of bacteria to promote the 
formation of methyliodine (CH3I) in aerobic conditions, thus effecting the 
removal of iodine from soils. 

The biomethylation of radionuclides has received little attention. This is 
mainly due to the instability of the methylated compounds. Some micro-
organisms can act directly on the elements by oxidation or reduction or by 
methylation processes. The element concerned can be either the donor or 
acceptor of electrons.

Some plants are able to concentrate contaminants in their tissues. In most 
cases, the plants develop a mechanism of physiological tolerance to toxic 
elements. In the presence of high concentrations of toxic elements, these plants 
produce a wide variety of compounds that complex these elements, such as 
amino acids, citric acid, maleic acid and proteins. The phytochelatins are the 
main molecules involved in the decrease of metal toxicity in the cytoplasm and 
the accumulation of metals in the plant cell [148]. Some plants, dubbed ‘hyper-
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accumulator’ plants, are capable of accumulating certain contaminants to levels 
exceeding 1% of their dry weight, and are thus able to resist high contaminant 
concentrations in their substrate, for instance Calluna vulgaris for caesium, 
Brassica napus for selenium and Thlaspi caerulescens for lead [122] (refer to 
Ref. [16] for a discussion on the utilization of these properties for remediation 
purposes).

2.5.3.3. Biomineralization

Beyond developing physiological resistance [149], microorganisms are 
able to precipitate metals and radionuclides with microbially generated ligands 
such as sulphide or phosphate [150]. Biomineralization by microorganisms has 
been shown for sulphate reducing bacteria, which are able to precipitate metals 
and radionuclides with sulphide. This mechanism has been tested for the 
remediation of contaminated soils [151].

Biomineralization, ‘biosorption’ and microbially mediated phase transfer 
can therefore effect attenuation. The complex biogeochemical processes 
effecting fixation or mobilization of metals, including radionuclides, in various 
types of soil ecosystem have been studied with increased intensity in the 
aftermath of the Chernobyl accident [152] and in other remediation contexts 
[153].

3. GEOCHEMISTRY OF SELECTED RADIONUCLIDES

3.1. INTRODUCTION

The aim of this Section is to review, for selected natural and anthropo-
genic radionuclides, current knowledge regarding their aqueous chemistry 
together with heterogeneous reactions and the nature of solid phases that 
might control their solubility in near surface environments.

The environmental chemistry of the transuranic elements (neptunium, 
plutonium, americium, curium, berkelium, californium, einsteinium and the 
heavier elements) is not very well known. Their occurrence is linked to 
weapons testing [154], major nuclear accidents [155] and inadequate waste 
disposal practices [19]. Consequently, our knowledge of their environmental 
behaviour is limited to the past few decades. Recourse is often made in long 
term risk assessment to data from chemical analogues [156], for example, 
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U(IV)/(VI) for Pu(IV)/(VI), or the lanthanides (e.g. neodymium) for the 
trivalent elements, such as americium and curium. This report highlights the 
chemistry of neptunium, since it is less amenable to the analogue approach.

The majority of fission products also occur as stable isotopes of elements 
that are widespread in the environment, e.g. caesium and strontium. As a 
result, their behaviour in both soils and shallow groundwater systems is 
reasonably well understood. Focus here is placed on technetium, an artificial 
element whose chemistry is sufficiently distinct to merit separate treatment. As 
with the transuranics, our observations of technetium in the environment are 
restricted to the recent past, in sharp contrast to its future persistence (the half-
life of 99Tc is 213 000 a).

The field of environmental radioactivity has expanded rapidly over the 
past thirty years, largely in response to concerns surrounding the safety of 
radioactive waste disposal [157, 158] and of soils following the Chernobyl 
accident. It is not possible to provide more than a superficial coverage of the 
vast body of literature available, particularly for uranium and its progeny, in so 
short a report as this. Even for the less well-studied elements neptunium and 
technetium, the report does not purport to be exhaustive. Rather, an attempt is 
made to highlight the principal sources of information that can be accessed by 
the interested reader. For this reason, all reference material cited is to be found 
in the open literature and most has been subjected to external peer review. The 
sources include:

(a) Documents published by international agencies, for example the OECD/
NEA, the European Commission and, of course, the IAEA;

(b) Technical reports produced within national programmes on radiological 
protection or waste disposal, mainly in Europe and the United States of 
America;

(c) A relatively small number of reports and papers describing industrially 
sponsored research, provided access to such information is unrestricted.

Finally, since this report focuses on natural attenuation at contaminated 
sites, planned disposal of radioactive waste in engineered facilities and 
authorized discharges to marine or freshwater courses are not considered.
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3.2. GEOCHEMISTRY OF URANIUM

3.2.1. Aqueous chemistry

The aqueous chemistry of uranium has been the subject of intensive study 
owing to the need to understand its behaviour at all stages of the nuclear fuel 
cycle. Much of the published work, driven first by the Manhattan Project and 
subsequently by the civil nuclear power industry, is not directly relevant here. 
For the interested reader, Katz et al. [159] give an excellent overview of the 
properties of uranium and its compounds, while a more detailed coverage of 
uranium chemistry is contained in Gmelin’s Handbuch [160].

The most stable oxidation state of uranium in aqueous solution is U(VI), 
where it exists as the uranyl ion, UO2

2+. Reduction to U(IV) occurs readily and 
to U(III) less so. The stability of the pentavalent ion UO2

+ has been disputed 
over the years because of its tendency to disproportionate [161]. In this respect, 
uranium differs markedly from neptunium for which NpO2

+ is the stable form 
in oxidizing solutions.

Only U(VI) and U(IV) are important in natural waters, where uranium 
concentrations range from a few parts per billion to several parts per million, 
depending largely on pH, Eh and carbonate concentration [162, 163]. 
Ivanovich and Harmon [40] describe the occurrence of uranium and progeny in 
diverse geochemical environments and set out the basis for uranium series 
studies into dating and provenance.

Thermodynamic databases designed for environmental modelling appli-
cations (e.g. Ref. [164]) invariably contain some entries from the original 
source literature, some drawn from previous compilations (e.g. Ref. [165]) and 
several data values obtained by estimation. In recognition of this, Grenthe et al. 
[161] undertook a thorough review of published formation constants for 
aqueous uranium species, highlighting inconsistencies as they occurred and 
arriving at a set of recommended values. Their work helped resolve many 
ambiguities, for example, those surrounding the relative stability of U(VI) 
phosphates in natural waters. Moskvin et al. [166] had ascribed greater stability 
to uranyl complexes with HPO4

2– than even to carbonate species. This study 
was accepted and given added credence by Dongarra and Langmuir [167]. The 
data were subsequently adopted by numerous thermodynamic data compilers 
around the world before the stability constants were shown to be 
erroneous [161]. The implications of these findings for groundwater migration 
and, hence, safety assessment calculations are profound.

Following the review and recommendations of the OECD/NEA TDB 
[161–168], the aqueous chemistry of uranium can be predicted with a good 
degree of confidence. It is known that, once oxidized, uranium is mobile in near 
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surface waters. Other than hydroxyl, the dominant ligands are carbonate and, 
in strongly acidic solutions, sulphate [169, 170]. These predictions have been 
borne out by numerous studies of uranium ore bodies around the world [171]. 
Indeed, sulphuric acid and alkali carbonates are the favoured methods for 
chemical leaching in industrial uranium extraction [172, 173].

Uranyl species are less prone to hydrolysis than U(IV) and consequently 
colloids play a less significant role in the near surface transport of uranium than 
thorium [174]. An important exception to this general rule occurs in organic-
rich environments, such as peat bogs. High molecular weight organics (humic 
acids) possess a strong affinity for uranium and spectroscopic studies indicate 
that it is bound in the U(VI) state [175].

3.2.2. Solid geochemistry

Uranium is not a particularly rare element. It has been estimated that 
more than 5% of all known minerals contain uranium as an essential 
constituent [176]. Present in a wide range of geochemical environments 
uranium is now considered to be a more abundant constituent of the earth’s 
crust than either cadmium or mercury. The number of discrete mineral phases 
identified is almost 200. These comprise ‘primary’ (U(IV)) oxides, silicates, 
phosphates and carbonates and a wide array of ‘secondary’ (U(VI)) phases 
containing common and less abundant groundwater anions [177].

Uranium is a relatively mobile element in the near surface zone owing to 
the stability of U(VI) aqueous complexes. However, it may be precipitated by 
reduction to U(IV) or in the form of uranyl minerals, principally phosphates, 
silicates, arsenates, vanadates and oxyhydroxides, several of which may occur 
simultaneously at the same locality [177]. Around 150 such phases have been 
identified and their formation represents the dominant fixation mechanism for 
uranium in weathering environments [177]. It follows that the amount of 
uranium released to ground- or surface waters from these secondary sources 
will depend on the solubility and dissolution rate of the phases as a function of 
pH and water composition. 

Experimental studies of uranium solubility have focused on the 
behaviour of UO2 owing to the resources devoted to spent fuel processing and 
disposal [178]. While these data are useful in a broader context, it has to be 
borne in mind that natural uranium oxides differ in several important respects 
from spent fuel. The most common ore mineral, pitchblende, contains mixed 
oxides (~U3O8) and even natural uraninite (UO2) is structurally and chemically 
distinct. In addition to mineral impurities, uraninite contains radioactive decay 
products from thorium to lead and these represent several weight per cent. 
Spent fuel, in contrast, does not contain substantial progeny but does 
39



incorporate trace fission and activation products together with small quantities 
of the transuranic elements.

Increasing concerns surrounding the potential health effects of depleted 
uranium have prompted research into the corrosion of uranium metal in 
diverse chemical environments [179]. These studies reveal widely disparate 
dissolution rates, depending on the composition of the aqueous solution, and 
complex reaction sequences. The evolving assemblage of metastable phases 
that develop on the surface cannot be predicted solely from considerations of 
thermodynamic equilibrium.

Once oxidized, an enormous variety of uranyl phases can precipitate from 
groundwater solutions, including phosphates, silicates, oxyhydroxides, 
sulphates, arsenates, vanadates and carbonates. Indeed, it is common in nature 
to find several U(VI) minerals coexisting on weathered ores. Developing an 
understanding of the paragenesis and phase relationships among these is 
essential for predicting the environmental fate of uranium-bearing residues. 
Burns and Finch [177] give a detailed and systematic classification of uranium 
mineralogy, serving to emphasize the scale of the task.

The first OECD/NEA TDB review of uranium, which appeared in 1992 
[161], lists free energy values and formation reaction constants for a variety of 
uranium oxides and more than 150 other solids. The latter largely comprise 
halide compounds. Surprisingly, the review lacked any meaningful discussion of 
uranium mineralogy and did not contain recommended thermodynamic data 
for even the more common uranium minerals. Its usefulness for practical appli-
cations in geochemistry was questionable and the oversight prompted a 
reappraisal by the OECD/NEA. This led, in turn, to the addition of a short 
section on uranium minerals in the subsequent review of americium chemistry 
[180].

According to the OECD/NEA review team, relatively few publications 
were overlooked during the original study and the data contained in these 
documents did not merit inclusion in the final selection. The reasons given were 
the absence of information on experimental methods or auxiliary data, errors 
in activity correction and failure to control or report on the background 
electrolyte [180]. No doubt these criticisms were justified and provide a fair 
reflection of the quality of data available for modelling studies.

However, as noted previously, the selection criteria applied within the 
OECD/NEA TDB are more stringent than those typically employed by 
workers engaged in practical applications. It is preferable to perform calcula-
tions with uncertain data and to compare the results with field or laboratory 
observations than to ignore the possibility that such phases may form. Whereas 
the former might give misleading results, geochemical modelling studies using 
only strictly authenticated data would certainly give erroneous results because 
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possibly relevant and important species would not be considered. Conse-
quently, databases used for nuclear waste disposal studies or uranium mining 
applications supplement the OECD/NEA data set with values from other 
sources (see Section 4.2).

3.2.3. Adsorption/desorption behaviour

A fairly extensive literature exists on the adsorption of uranium on 
natural matrices. In addition to simple partitioning measurements, these 
include mechanistic studies of uranium uptake by oxides and hydroxides [181, 
182], clay minerals and silica [183, 184] and organics [185, 186].

Hsi and Langmuir [181] give surface properties of amorphous iron oxyhy-
droxide, goethite and haematite, providing sorption constants for uranium 
hydroxide and carbonate species onto goethite. The authors note that the 
adsorption process is not entirely reversible, desorption kinetics tending to be 
slower. Similar findings were obtained from dynamic flow through tests using 
the well-characterized Clashach sandstone [187].

Uranium(VI) uptake on goethite and colloidal magnetite was also 
explained in terms of surface complexation modelling by Missana et al. [188, 
189]. In neither case was desorption explored in detail, even though anoxic 
conditions, under which the uranium may have been reduced, were employed 
in some tests.

Other investigations of the same system [190, 191] have sought to 
interpret the data as representing stages in the progressive incorporation of 
uranium into the iron oxide lattice. According to Duff et al. [191], following 
surface adsorption of the uranyl ion, structural rearrangement occurs allowing 
the much smaller U6+ ion to be accommodated as uranate. Only limited substi-
tution is possible, such that beyond the saturation point excess uranium is 
released leading to the precipitation of discrete uranyl phases, e.g. schoepite 
UO2(OH)2. This interpretation accords well with observation of natural 
systems and is supported by EXAFS results.

The uranium–iron hydroxide system was also investigated by Waite et al.
[182]. The constants derived from their work are often quoted, particularly in 
the waste disposal literature. There is no doubt that they give a satisfactory 
description of the laboratory titrations carried out. However, the original aim 
of the study was to account for retardation of uranium in a near surface 
dispersion plume at the Koongarra deposit, northern Australia. Detailed re-
evaluation of uranium ‘sorption’ at this site revealed the presence of previously 
unidentified, microcrystalline uranium-bearing phases, demonstrating again 
the overriding importance of secondary mineralization [192].
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Uranium can be removed very effectively from solution by organic 
matter. Although the processes are not fully understood, it is generally 
believed that U(VI) species are initially complexed by carboxylic groups on the 
organic molecule [185]. The reversibility of the process was studied by Read et al. 
[175] who demonstrated that release to solution could only be effected by 
lowering the pH. Once attached, the uranium may be reduced to U(IV), 
accounting for the very high concentrations (several per cent) reported in peat. 
A recent attempt to model U(VI) sorption to haematite in the presence of 
humic acid is described by Lenhart and Honeyman [193].

3.2.4. Microbiological interactions

The dissimilative reduction of uranium was first described for the Fe(III) 
reducing bacteria Geobacter metallireducens [194, 195], where the electron 
donor is acetate. Shewanella putrefaciens can grow using U(VI) only as electron 
acceptor and hydrogen as electron donor. A protein located on the cell surface 
of Geobacter sulfurreducens plays a role in the extracellular reductive precipi-
tation of U(IV). Some species of Desulfovibrio can also reduce U(VI) by 
enzymatic processes, using hydrogen or lactate as electron donor [196], but are 
unable to grow using uranium as the only electron acceptor. Other sulphate 
reducing bacteria are able to carry out a dissimilative reduction of uranium, 
e.g. Desulfotomaculum reducens MI-1 [197] and Desulfovibrio UFZ B 490 
[198]. Desulfovibrio vulgaris is the only organism in which the enzyme system 
responsible for U(VI) reduction has been characterized in detail [133, 199]. The 
bacterial reduction of soluble U(VI) to insoluble U(IV) is an important process 
in the global cycle of uranium. In anaerobic sediments, this reaction is the main 
process for uranium fixation [200, 201]. The potential of bacteria for 
bioaccumulation of uranium has been investigated by Selenska-Probell et al. 
[202, 203]. Their results for a number of ubiquitous soil microbes (e.g. strains of 
Pseudomonas) indicate accumulation of uranium in the form of sparingly 
soluble phosphate compounds.

3.3. GEOCHEMISTRY OF NEPTUNIUM

3.3.1. Aqueous chemistry

Neptunium was the first of the transuranic elements discovered in 1940 
following the irradiation of uranium foils with slow neutrons. Almost 20 
isotopes have now been identified with half-lives ranging from a few seconds to 
more than 2 million years (237Np). Neptunium is now known to occur naturally, 
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albeit at very low concentrations, as a result of neutron induced transmutation 
of uranium ores.

The chemistry of neptunium is complex and unique, though its behaviour 
does resemble the trivalent and tetravalent lanthanides in some respects and 
uranium in others. It occurs in oxidation states (III) to (VII) of which the 
tetravalent and pentavalent states are the most relevant to the natural systems 
considered here [159, 204]. The Np(III) state is more stable to oxidation than 
U(III) and the Np3+/Np4+ couple is reversible. The Np4+/NpO2

+ couple is also 
reversible, but the kinetics tend to be slow; rates depending on the media [159]. 
Once formed, the pentavalent state (NpO2

+) is much more stable than the 
corresponding UO2

+ and less prone to hydrolysis than Np(IV).
In aqueous solution, Np(IV) forms stable complexes with a number of 

common anions, including sulphate, fluoride and nitrate, as well as with simple 
organic ligands. Phosphate complexes have also been proposed [205] but were 
rejected by the OECD/NEA TDB review group [204]. The reasons given were 
similar to those cited for the corresponding uranium system [161]. The 
hydrolysis of Np4+ is comparable to that of U4+ proceeding to the formation of 
polymeric species. This behaviour contrasts sharply with NpO2

+, a large ion 
with a single charge. Although one might expect only weak complexation, 
Np(V) does form stable complexes, particularly with carbonate. The research 
of Kim and co-workers [206, 207], who studied the resulting species using 
modern spectroscopic techniques, is noteworthy and has led to a reasonably 
coherent data set for modelling.

Choppin [208, 209], Eriksen et al. [210] and Langmuir [211], among 
others, discuss the environmental speciation of neptunium, while Philips [212] 
and Allard [213] attempted early compilations of relevant constants. However, 
the most thorough review of the available data is undoubtedly that of Lemire et 
al. [204]. Their recommended data set comprising fifty formation constants 
compares favourably with that of uranium, an element that has been studied 
for a far longer period. The information contained in this book provides the 
basis for other listings [164]. Current research trends suggest that the recent 
update [168] will itself need to be revised soon, as sensitive techniques for in 
situ speciation studies become more widely available.

One of the principal areas of outstanding concern surrounds the potential 
complexation of neptunium (and the other transuranic elements) by organic 
acids, either natural ‘humics’ and ‘fulvics’ or degradation products of cellulose 
and co-disposed waste. The indication from preliminary studies is that such 
materials could significantly enhance solubility but quantifying their 
importance requires further research.
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3.3.2. Solid geochemistry

The occurrence of natural neptunium (239Np from neutron capture by 
238U) in uranium ore bodies is a tenuous guide to its likely geochemical 
behaviour because of the very small amounts present. In the normal course of 
reactor operation, 237Np with a half-life of 2.1 × 106 a is produced in significant 
quantities, most of which is concentrated with the fission products following 
plutonium recovery. Such waste would be consigned to a geological repository. 
Residual neptunium in spent fuel is also destined for deep disposal in those 
countries that do not reprocess fuel. However, the fact that depleted uranium 
contains measurable amounts of neptunium implies a component of 
reprocessed material and one pathway along which it can enter the near surface 
environment [179].

Calculation of source terms for released nuclides is not straightforward 
even with spent uranium fuel. Whereas the major controls on dissolution of the 
UO2 matrix itself are reasonably well established, this is certainly not the case 
for trace transuranic and fission product impurities. Johnson and Tait [214] 
provide an outline of the issues with respect to performance assessment studies 
in Sweden. Subsequent to leaching, the solid phases likely to incorporate 
neptunium in different geochemical settings are also uncertain. It is improbable 
that it would be concentrated sufficiently to form a discrete neptunium phase. 
However, as noted above, uranium and thorium mineralogies are complex and 
there is ample evidence of such behaviour from other highly charged ions, 
including zirconium and the rare earths.

A more realistic outcome would be the substitution of neptunium for 
other cations in secondary alteration phases, in which case the prevalent 
oxidation state is all important. The oxidation states, principally Np(IV) and 
Np(V), will display markedly different associations in terms of co-precipitation. 
The highly charged Np4+ ion readily substitutes for thorium in a range of 
synthetic phosphates and silicates [215]. Indeed, artificial matrices based on the 
lanthanide phosphate monazite have been proposed as potential waste forms 
for transuranic-rich streams. Conversely, NpO2

+ could replace the uranyl ion in 
the various U(VI) phases discussed above.

Co-precipitation of transuranics with uranium, thorium or the rare earths 
has been postulated as an important retention mechanism and one that is 
currently overlooked in waste disposal programmes [177, 216]. The reasons 
given for this omission are the paucity of suitable thermodynamic data to 
parametrize solubility models and the fact that these elements are present at 
low concentrations. The first is not in itself justification for the use of empirical 
‘equilibrium distribution coefficients’ since they do not represent the same 
process. Further, many elements present in solution at extremely low mass 
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concentrations are subject to solubility control in the environment. They 
include radium, which is readily fixed in baryte, and polonium, both radio-
logical significant components of NORM [217–219].

Solubility products for eleven neptunium solids are given by Lemire et al. 
[204]: four oxides/hydroxides, six carbonates and a fluoride (Na3NpF8). Gibbs 
free energy and/or enthalpy data are listed for around twenty other solids, 
mainly halides. These phases are almost certainly not those that would govern 
neptunium solubility in groundwater systems. Other sources of neptunium 
data, including those accompanying advanced modelling software [220], are 
similarly deficient.

3.3.3. Adsorption/desorption behaviour

There are few published studies into the adsorption of neptunium [221]. 
Bidoglio et al. [222] conducted static and flow through tests of migration 
through clay–sand columns, deriving a model for the chromatographic 
separation of individual neptunium species. The observations were attributed 
to slow reaction kinetics. Stammose et al. [223] found that uptake onto clay-rich 
sand was irreversible over the timescales of their experiments. Related work in 
Canada [224] found that retardation of 237Np through columns of crushed 
granite was similarly dependent on flow rate. Turner et al. tried to explain their 
experimental results in terms of a surface complexation model [97].

Laboratory experiments into neptunium uptake from seawater by marine 
sediments indicate that Np(IV) and Np(V) species exhibit different kinetics 
[225]. For Np(IV), rapid initial uptake was followed by desorption over longer 
periods. In contrast, initial sorption of Np(V) was followed by further uptake, 
albeit at a slower rate, rather than desorption.

All of these studies suggest that equilibrium partitioning, whether using 
simple distribution coefficients or more sophisticated surface complexation 
models, is not an appropriate means of accounting for retention of neptunium 
on geological matrices. Nevertheless, some authors have persisted with the 
approach, even attempting to derive Kd values as a function of redox potential 
[226] or humic acid concentration [227].

3.3.4. Microbiological interactions

Most studies of the interaction between neptunium and microorganisms 
have been dedicated to the biosorption and bioaccumulation of neptunium. 
Some investigations have shown the capacity of some microorganisms such as 
Shewanella putrefaciens [136] or a sulphate reducing consortium [228] to 
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reduce Np(V) to Np(IV) in anaerobic conditions. The biochemical mechanisms 
involved in this reduction are not identified.

3.4. GEOCHEMISTRY OF TECHNETIUM

3.4.1. Aqueous chemistry

Technetium was the first element to be produced artificially and 21 
isotopes have now been identified. The longest lived is 98Tc with a half-life of 
4.2 × 106 a, but the most important from an environmental perspective is 99Tc 
(half-life 2.13 × 105 a), a high yield product (6.1%) from thermal neutron fission 
of 235U and fission of 239Pu (5.9%). Most of the technetium generated in civil 
reactors finds its way to high level waste streams following reprocessing and 
several tonnes are produced annually. Over the years, large quantities have 
been discharged to the marine environment. The rationale behind this ‘dilute 
and disperse’ policy was the perceived high mobility of technetium under 
oxidizing conditions [229]. However, knowledge of its long term fate in the 
environment is limited and concerns have been raised now that the element has 
been shown to accumulate in marine biota, notably lobsters and certain types 
of seaweed [230].

For an introduction to early work on the environmental behaviour of 
technetium the reader is referred to Desmet and Myttenaere [231] and Bishop 
et al. [232]. Additional papers of relevance can be found in Bulman and Cooper 
[233], which also introduces speciation modelling under near surface conditions 
and uptake by plants and soils. Lemire and Garisto [234] and Puigdomenech 
and Bruno [235] carried out reviews of technetium chemistry from the 
perspective of nuclear waste disposal applications.

Until recently, numerical models drew heavily on the compilation of 
thermodynamic data published by Rard [236]. Even though this was acknowl-
edged to be incomplete and subject to considerable uncertainty, it served to 
highlight the overriding importance of redox state in determining environ-
mental mobility. This author was a key contributor to the more extensive 
review carried out under the auspices of the OECD/NEA [237] that provides 
the basis for most current modelling studies. The outcome of the review is 
summarized below.

Technetium chemistry is complex, characterized by valencies ranging 
from –I to +VII and a tendency to form binuclear and polynuclear species. Of 
the various oxidation states exhibited by technetium, the heptavalent and 
tetravalent are the most important in aqueous solution. The pertechnetate ion, 
TcO4

–, is the stable form in contact with air over the entire pH range [237] and 
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would be expected to predominate under near surface conditions. Even under 
nominally oxygen free conditions, partial oxidation of dissolved Tc(IV) species 
is thought to occur.

The TcO4
– ion can be reduced by halides in strongly acidic solutions, the 

rates of reaction following the trend I–>Br–>Cl– and the rate increasing with 
acidity and temperature. The relative stability of Tc(IV) halides follows the 
same trend. However, species such as TcCl6

2– would undergo complete 
hydrolysis in groundwaters. Gamma radiolysis can also induce reduction where 
concentrations are high (>5 × 10–4 M) [237]. Organic matter and biologically 
mediated reactions may lead to fixation of technetium as Tc(IV) but the 
precise mechanisms are poorly understood and difficult to quantify. Bioaccu-
mulation of technetium has been reviewed by Bishop et al. [232].

Despite the considerable efforts made in the past thirty years, the current 
level of knowledge of the aqueous chemistry of technetium is insufficient for 
predictive modelling in natural media. Thermodynamic data for the pertech-
netate–water system and hydrolysed forms of Tc(IV) are felt to be reasonably 
complete and of acceptable quality but there is a lack of information for 
complexes with even simple inorganic ions [168, 237]. The situation for organic 
complexes is even worse. The OECD/NEA TDB contains selected formation 
reactions and associated constants for only nine aqueous species. Owing to the 
absence of enthalpy or heat capacity data the values are not applicable to 
temperatures above 25°C.

3.4.2. Solid geochemistry

Several authors have detected technetium in alteration products arising 
during the leaching of spent fuel. The high solubility of technetium under 
oxidizing conditions and the stability of the pertechnetate ion suggest that 
mineralization reactions would not play such an important role in technetium 
immobilization as with the elements addressed above. For completeness, the 
state of the thermodynamic database with regard to technetium solids is 
described briefly before discussing surface reactions in the next section.

According to Rard et al. [237], reasonable data exist for TcO2, Tc2O7

and the less soluble pertechnetate salts (e.g. KTcO4). Even here, there are 
inconsistencies in the reported solubility of TcO2 as a function of pH, data 
varying by about three orders of magnitude across most of the range. Very 
few heat capacity measurements have been reported that would allow 
extrapolation of the available constants to higher temperatures. The Tc2O7

salt is hygroscopic, deliquescing in air and so of little relevance to the systems 
considered in this report.
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New data are needed urgently for TcS2 and Tc2S7, since there is potential 
for retention by sulphide minerals. The available solubility data are regarded 
with suspicion owing to the presence of colloidal material.

Technetium has a tendency to form intermetallic compounds, several of 
which are described by Rard et al. [237], although hard data are lacking. There 
are no data at all for interactions with silicate. The authors of the OECD/NEA 
review [237] highlight gaps in the database as an indicator for further experi-
mental work. In view of the fact that constants are recommended for only 9 
aqueous species and 15 solids, some of which are not environmentally relevant, 
defining priorities is barely an issue.

3.4.3. Adsorption/desorption behaviour

Numerous examples of technetium sorption onto rocks or mineral phases 
are to be found in the literature, the vast majority empirical in nature. 
Vandergraaf et al. [238] studied the sorption of technetium onto a variety of 
minerals under both oxic and anoxic conditions. Their findings indicate that 
very little uptake occurs in the presence of oxygen but that under reducing 
conditions it is taken up by iron-containing phases. Whether this required prior 
reduction of the technetium itself was not clear.

Other investigations of the influence of redox potential on technetium 
sorption [239–241] support these observations and, additionally, note the 
importance of ionic strength. According to Lieser and Bauscher [239], sorption 
of pertechnetate onto sediments is inhibited at high salinity, possibly due to 
competition from chloride. Conversely, sorption of Tc(IV) is accelerated by 
high salt concentrations. Again, however, it was not clear whether reduction led 
to the formation of sparingly soluble phases such as TcO2. If this were the case 
then the process would be better described in terms of precipitation. Indeed, 
as noted by Amaya et al. [241], ‘sorption’ of technetium under reducing 
conditions is irreversible.

3.4.4. Microbiological interactions

Shewanella putrefaciens and Geobacter metallireducens are able to reduce 
Tc(VII) with an enzymatic mechanism [242]. Other studies underlined similar 
activities with Rhodobacter sphaeroides, Paracoccus denitrificans, some 
pseudomonades and a range of sulphate reducing bacteria [199]. In anaerobic 
conditions, Escherichia coli can couple the formate or hydrogen oxidation step 
with the Tc(VII) reduction, precipitating the radionuclide within the cell [243]. 
It seems that a complex formate hydrogenlyase located in the periplasm of the 
strains is involved in the reduction of Tc(VII) [244]. Recent studies have shown 
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that Tc(VII) can be reduced via indirect microbial processes (e.g. via biogenic 
sulphide, Fe(II) or U(IV) [199]). Owing to these bacterial properties, some 
studies focused on bioprocess development for remediating Tc(VII) 
contaminated water using immobilized cells of sulphate reducing bacteria [244]. 

3.5. GEOCHEMISTRY OF CAESIUM

3.5.1. Aqueous chemistry

Caesium behaves like potassium in both the environment and the human 
body [112]. Its fission products include three main isotopes at significant concen-
trations: 134Cs (T1/2 = 2.05 a), 135Cs (T1/2 = 3 × 106 a) and 137Cs (T1/2 = 30.23 a). 

Being an alkali metal, caesium occurs in solution primarily as the single 
charge cation and forms only weak complexes. Stability/formation constants of 
caesium species are generally low. Hence, the dominant aqueous species in 
most ground- and surface waters is the uncomplexed Cs+ ion [112].

3.5.2. Solid geochemistry

The solubility of most caesium compounds is very high: precipitation 
reactions are not expected to control caesium’s geochemical behaviour.

3.5.3. Adsorption/desorption behaviour

In general, most soils sorb caesium rather strongly and often selectively. 
Some micaceous minerals, such as illite and vermiculite, tend to take up caesium 
in their intrastructural layers [245–247]. Thus, the high retention of caesium in 
soil and sediments is determined by two different processes: structural fixation 
and reversible selective sorption [248]. Reversible selective sorption occurs on 
frayed edge sites, located at the edges of micaceous clay particles [246]. The 
ability of a solid to sorb caesium selectively is characterized by the capacity of the 
frayed edge sites or by a so-called radiocaesium interception potential, which is 
the product of the frayed edge site capacity and the selectivity coefficient for 
137Cs compared with a competing ion [249]. Cremers and co-workers [246, 249] 
developed a special method for the quantitative determination of the frayed edge 
site capacity and the radiocaesium interception potential.

The interlayer distance between the sheets of certain micaceous minerals 
excludes diffusion of some major ions, such as Na+, Ca2+ and Mg2+, owing to 
their comparatively large ionic radii, while permitting the Cs+ ion to fit 
perfectly between the layers. Although fixation of Cs+ ions as well as K+ and 
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NH4
+ ions had earlier been attributed to their close fit within the hexagonal 

cavities of basal oxygen planes, the low hydration energy of the ions is now 
considered to be the major factor in their fixation [245]. The Cs+, NH4

+ and K+

cations, having low hydration energy, effect interlayer dehydration and layer 
collapse and become, therefore, fixed in interlayer positions [245]. Conversely, 
cations with high hydration energy, such as Sr2+, Ca2+, Mg2+, Na+ and Li+, result 
in expanded interlayers and are not fixed. Hence, these micaceous minerals 
exhibit a very high selectivity and fixation capability for Cs+ compared with the 
main cations in natural systems. Even a small amount of these mica–clay 
minerals in a soil may selectively fix a large amount of caesium, resulting in 
lower mobility in the environment and lower bioavailability [250, 251].

3.5.4. Microbiological interactions

Studies on the interaction between bacteria and caesium have indicated 
bioaccumulation by bacteria such as Escherichia coli [252] and Pseudomonas 
fluorescens [253], by cyanobacteria and algae such as Anabaena variabilis and 
Chlorella salina [254, 255] and by fungi [256].

3.6. GEOCHEMISTRY OF STRONTIUM

3.6.1. Aqueous chemistry

The only strontium isotope of concern in the environment is 90Sr (T1/2 = 
29.1 a), a fission product. As a consequence of atmospheric testing of nuclear 
weapons, 90Sr is distributed globally. In the environment and in the human 
body, strontium behaves like calcium (hence strontium is a ‘bone seeker’). 

There is little tendency for strontium to form complexes with inorganic 
ligands [112]. The solubility of the free Sr2+ ion is not significantly affected by 
the presence of most inorganic anions. Dissolved strontium forms only weak 
aqueous complexes with carbonate, sulphate, chloride and nitrate. Strontium is 
also not expected to form strong complexes with natural organic substances, 
such as humic and fulvic acids.

Observations and calculations show that strontium exists in ground- and 
surface waters as the uncomplexed ion Sr2+. This ion dominates strontium 
speciation throughout the pH range of 3–10. Between pH 3 and 8.5, the Sr2+

species constitutes approximately 98% of the total dissolved strontium. As the 
pH increases above 9, the SrCO3(aq) is calculated [112] to be between 2% and 
12% of the total dissolved strontium. As the pH increases above 9, the 
SrCO3(aq) becomes increasingly important.
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3.6.2. Solid geochemistry

Since strontium generally occurs in nature at much lower concentrations 
than calcium, it does not commonly form pure phases but co-precipitates with 
calcite and anhydrite. Strontium can also co-precipitate with barium to form 
(Ba(1-x)Srx)SO4 in more alkaline environments [112].

3.6.3. Adsorption/desorption behaviour

As is the case for caesium, cation exchange is the most important 
mechanism for strontium retention in the geosphere. Hence, the cation 
exchange capacity is a controlling parameter [112, 257]. Some authors have 
reported that strontium adsorption is completely reversible [258]. Recent data 
seem to indicate that fixation of strontium takes place in two stages, with time 
constants of several weeks and around 100 years, respectively [259].

3.6.4. Microbiological interactions

Studies have demonstrated the biomineralization of strontium by metab-
olizing bacteria [260] and cyanobacteria [261]; strontium being precipitated as 
crystalline strontium carbonate. Other studies have shown strontium accumu-
lation by bacterial or fungal cells [262].

3.7. GEOCHEMISTRY OF THORIUM

3.7.1. Aqueous chemistry

Thorium occurs in only one oxidation state (+IV) in nature. The available 
thermodynamic data for thorium aqueous species and solids have been 
compiled and critically reviewed by Langmuir and Herman [263] in an analysis 
of the mobility of thorium in low temperature natural waters. Thorium 
undergoes hydrolysis in aqueous solutions at pH values above 3. Numerous 
mononuclear and polynuclear hydrolysis species are reported, including 
Th(OH)2

2+, Th2(OH)2
6+, Th4(OH)8

8+, Th4(OH)12
4+ and Th6(OH)15

9+, but the 
mononuclear species in particular are usually relatively minor species in the 
solution. At pH values higher than 3.5, the hydrolysis of thorium is dominated, 
in order of increasing pH, by the aqueous species Th(OH)2

2+, Th(OH)3
+ and 

Th(OH)4(aq). In addition to undergoing hydrolysis, thorium can also form 
various aqueous complexes with inorganic anions such as fluoride, phosphate, 
chloride and nitrate. Below pH 5, thorium speciation is dominated by thorium 
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fluoride complexes. Between pH 5 and 7, dissolved thorium is predicted to be 
dominated by thorium phosphate complexes and this phosphate complexation 
is expected to have a role in the mobility of thorium over this range of pH 
values [263]. In this higher pH region, the dissolved thorium concentrations are 
very low and only the unhydrolysed Th4+ ion and/or mononuclear divalent 
hydrolysis species (ThOH3+, Th(OH)2

2+) are expected to be important in the 
absence of other ligands [264]. However, thorium concentrations may become 
elevated owing to formation of thorium–carbonate complexes.

3.7.2. Solid geochemistry

The main thorium containing minerals (thorite, thorianite, zircon and 
monazite) are resistant to weathering and do not dissolve readily in ground- or 
surface waters. Hydrous thorium oxide, the dominant forms of Th(IV) in 
aqueous environments, is known to precipitate in the natural environment and 
is likely to alter with time to a more crystalline solid that has a lower solubility. 
The solubility of hydrous Th(IV) oxides decreases with increasing pH. At 
higher pH values, the hydrous oxides precipitate and dissolved thorium 
concentrations decrease rapidly. It is rather immobile in the aqueous 
environment owing to the low solubility of thorianite but the high particle 
reactivity of thorium shows strong colloidal characteristics, hydroxide and 
silicate colloids allowing transport of thorium in insoluble form. The movement 
of thorium is therefore controlled mainly by physical processes [112].

3.7.3. Adsorption/desorption behaviour

In groundwater, thorium may adsorb or precipitate onto colloids (colloids 
may consist of precipitates, bacteria, organic matter, and suspended rock and 
minerals fragments) reversibly or irreversibly. Evidence indicates that around 
10–17% of the total thorium contents of groundwater at the Koongarra, 
Australia, uranium deposits were present in a colloidal form [40]. Therefore, 
thorium is largely transported in particulate form. Thorium generated in 
solution by radioactive decay of uranium, rapidly hydrolyses and sorbs onto 
solid surfaces, including colloids. Other substrates controlling thorium concen-
trations to very low levels in ground- and surface waters are humic substances. 
Thorium organic complexes are likely to have an important effect on the 
mobility of thorium in soil–water systems. Thorium is believed to form stronger 
complexes with dissolved organics than uranium [263]. Ligands such as oxalate, 
citrate and ethylenediaminetetraacetic acid (EDTA) are able to enhance 
thorianite solubility significantly. This effect, however, decreases sharply above 
a pH of 7, when thorium tends to sorb almost completely onto clays and solid 
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organic matter. A better understanding of the role of organics in enhancing 
thorium mobility is limited by the paucity of thermodynamic data, exacerbated 
by the relatively slow reaction rates in most natural environments [40]. Iron 
and manganese oxides are expected to be more important adsorbents of 
thorium than silica.

3.7.4. Microbiological interactions

There appear to be no studies showing a direct biotransformation of 
thorium by soil microorganisms; only the mechanisms of biosorption, bioaccu-
mulation and bioprecipitation are described in the literature [122].

3.8. GEOCHEMISTRY OF RADIUM

3.8.1. Aqueous chemistry

Radium has a distinctive chemistry compared with the actinides since it is 
an alkali earth element. Chemically radium behaves in a manner similar to 
barium and since alkali earth elements are highly electropositive, radium does 
not undergo hydrolysis over a wide pH range and is present in solution as a 
simple ion, i.e. as Ra2+. On the basis of thermodynamic data from Langmuir 
and co-workers [265, 266] and Sturchio et al. [267], it is possible to calculate 
that the dominant aqueous radium species would almost always be Ra2+, while 
the next most abundant species are RaCl+ and RaSO4

0.
The removal of radium from solution can occur by hydrolysis, adsorption 

and formation of insoluble salts; these factors affect radium concentrations in 
ground- and surface waters.

3.8.2. Solid geochemistry

The large ionic radius of radium makes it incompatible for uptake in most 
minerals, but minerals that accommodate barium generally also take up large 
amounts of radium [40]. Co-precipitation with barium compounds is common 
and some co-precipitation occurs with calcium, magnesium and iron to form 
sulphate and carbonate minerals such as calcite (CaCO3), gypsum 
(CaSO4·2H2O) and baryte (BaSO4) [268, 269]. If the latter mineral is formed 
in a uranium-rich environment, it may become highly radioactive because of 
the barium/radium substitution. In general, radium is only slightly soluble 
compared with calcium and strontium and its solubility is controlled by the 
concentration of sulphate or carbonate ions [40]. In very acidic water, typical 
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of acid mine drainage for instance, co-precipitation with amorphous silica 
also seems to be an important but little recognized radium fixation process 
[269]. 

3.8.3. Adsorption/desorption behaviour

Radium is efficiently fixed on soils, but a large part of its uptake is 
reversible [122]. This reversible uptake is likely to be linked to sorption 
phenomena. It has been shown experimentally that radium sorbs easily onto 
natural soils and sediments [270] and onto almost all of their primary constit-
uents, including ferric hydroxides, quartz, muscovite, albite, clay minerals, 
carbonates, aluminium oxides and organic matter [122, 271–274].

The degree of sorption depends on several variables owing to the 
multiple modes of interaction between radium and the soil and sediment 
mineral matrix. The most important ones are the ionic strength of the solution 
and the particle surface area. For instance, a decrease in radium sorption can be 
observed with increasing salinity and this has been attributed to a variety of 
effects including competition of cations for available sorption sites [267]. 
Divalent cations, such as Ca2+, Ba2+ and Mg2+, occupy sorption sites that are 
also suitable for radium. These observations are in line with the alkali earth 
nature of radium. These elements are likely to undergo cation exchange on clay 
minerals. A selectivity coefficient for radium on this type of surface has been 
estimated on the basis of the one for Ca2+ [275]. Furthermore, an increase in the 
mineral surface charge, the increased stability of inorganic radium complexes 
in high ionic strength solutions and the formation of strong organic complexes 
serve to decrease radium sorption [267].

3.8.4. Microbiological interactions

The biosorption of radium has been studied in detail with different 
biomass types, mainly fungi. For example, Penicillium chrysogenum is able to 
accumulate large amounts of radium present in solution [276]. In contrast, 
indirect solubilization of radium from stored uranium-bearing tailings can 
result from conversion of sulphate to sulphide and results in the dissolution of 
some baryte which, in turn, releases small amounts of radium [277, 278]. In 
addition, radium release is enhanced by bacterial reduction of manganese and 
iron oxides in the uranium mill tailings environment [279].
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3.9. GEOCHEMISTRY OF LEAD

3.9.1. Aqueous chemistry 

Lead has three known oxidation states, 0, +2 and +4; the most common 
redox state encountered in the environment being the divalent form. The 
solubility of lead in aqueous solutions is rather low. This solubility can be 
enhanced by the presence of complexing agents, such as chloride, nitrate, 
carbonate and organic ligands. The speciation of lead in natural waters is quite 
complex and may be strongly influenced by the availability of organic 
complexing agents, for which lead has a high affinity. In most natural waters at 
pH values above 7, aqueous lead exists mainly as carbonate complexes, 
PbCO3(aq) and Pb(CO3)2

2–. Within the pH range of 6.7–7.5, the main species of 
lead appear to be the free ionic species Pb2+ and the neutral complex species 
PbCO3

0. Between pH 7 and 9 the latter species dominates the species distri-
bution. At pH values above 9, in addition to PbCO3

0, a significant fraction of 
soluble lead is present as the anionic carbonate complex Pb(CO3)2

2– [162].

3.9.2. Solid geochemistry

Lead solids may occur in the environment in a number of mineral 
forms, including carbonate (PbCO3, cerussite), sulphide (PbS, galena), 
sulphate (PbSO4, anglesite), chromate (PbCrO4, crocoite), phosphate 
(Pb5(PO4)3Cl, pyromorphite) and oxides (PbO, Pb3O4) [280]. In addition, 
scales formed in natural gas wells have been shown to contain lead in almost 
pure metallic form and also in the form of a lead–mercury alloy [94]. These 
extremely hazardous scales contain activity concentrations of 210Pb and 
210Po in excess of 4000 Bq/g. Limited secondary lead minerals may control 
the concentration of dissolved lead in soil/water environments 
(e.g. plumbogummite, PbAl3(PO4)2(OH)5·H2O) [281]). If the concentration 
of lead in a pore water or groundwater exceeds the solubility of any of these 
phases, the lead containing solid phase will precipitate and thus control the 
maximum concentration of any lead remaining in the aqueous phase. Lead 
may also exist in soils as solid solution phases. Solid solutions are defined as 
solid phases in which a minor element will substitute for a major element in 
the mineral structure. Lead may occur as a minor replacement in baryte, 
apatite, calcite and iron sulphides [282, 283]. Consequently, the equilibrium 
solubility of lead controlled by these phases will be less than the 
concentrations controlled by corresponding pure phases, namely PbSO4, 
Pb5(PO4)3OH, PbCO3 and PbS. Under reducing conditions, galena may 
control lead concentration in the environment and may incorporate 210Pb by 
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isotopic substitution. Within the pH range of 6–9, the equilibrium solubility 
of galena would control lead concentrations at levels of less than 21 ng.

3.9.3. Adsorption/desorption behaviour

Lead is known to sorb onto soils’ constituent surfaces such as clays, 
oxides, hydroxides and organic matter. Among these constituents, organic 
matter and especially humic acids play a major role in effecting the low 
mobility of lead in organic rich soils [284]. Studies on lead adsorption on oxide 
and hydroxide minerals show that substrate properties such as the specific 
surface and degree of crystallinity control the degree of the adsorption [280], 
e.g. manganese oxides sorbing lead more efficiently than iron oxides [285]. 
Studies on clay minerals have shown that at acidic pH values and low ionic 
strength lead is adsorbed by exchange onto clays, readily replacing calcium and 
potassium, while beyond neutral pH, precipitation reactions and/or specific 
surface interaction such as surface complexation may control lead 
concentrations in solution rather than ion exchange [286, 287]. High specificity 
of adsorption on oxide and hydroxide surfaces and the relatively poor 
desorbtion of adsorbed lead indicated that upon adsorption lead forms solid 
solutions with oxide and hydroxide surfaces. In addition, the presence of very 
strong chelating ligands dissolved in solution will reduce adsorption of lead 
onto soils. This adsorption is influenced by several factors such as the type and 
properties of adsorbent substances, pH, lead concentration and the type and 
concentration of other competing cations and complex forming inorganic and 
organic ligands [288].

3.9.4. Microbiological interactions

The microbial and algal toxicity of lead has been utilized for two 
centuries to combat the fouling of ships’ bottoms. However, some 
microorganisms have developed resistance mechanisms enabling them to 
grow in environments contaminated by lead. These mechanisms include 
bioaccumulation, bioadsorption and the precipitation of lead phosphates 
and lead sulphides [289, 290].

Conversely, microbial extracellular polymeric substances that are present 
in soils and in the soil pore waters are involved in soil–metal transport. Bacteria 
increase lead leaching and mineral dissolution owing to the secretion of organic 
molecules that can complex the lead ions in solution [291]. Studies of Sayer 
et al. [292] have shown the solubilization of the mineral Pb5(PO4)3Cl to 
hydrated lead and to oxalate via a reaction with organic acids produced by the 
fungus Aspergillus niger. In sediments, some bacteria of the genera 
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Pseudomonas, Acinetobacter, Flavobacterium and Aeromonas are able to 
transform lead nitrate and the trimethylated lead acetate into the lead 
tetramethyl [293]. All these processes serve to facilitate the solubilization of 
lead.

4. DATA AVAILABILITY AND UNCERTAINTY

4.1. TYPES OF DATA AND ASSOCIATED UNCERTAINTIES

The data needed to demonstrate confidence in MNA as a viable 
remediation option can be grouped into site specific and generic categories.

Site specific data are generated through characterization efforts and may 
already be available to an extent from sources such as geological surveys, 
meteorological and hydrological databases and previous environmental impact 
assessments. The availability of site data largely depends on the resources 
expended on the characterization effort.

Generic data include the thermochemical data that are discussed in 
Section 2.4 and which are not typically generated within individual remediation 
projects.

Uncertainties are inherent in any remediation activity and must be 
managed through a balance of uncertainty reduction (i.e. data collection) and 
uncertainty mitigation (e.g. use of monitoring data, probabilistic modelling) 
measures. Examples of pertinent uncertainties include [294]:

(a) The exact nature of the acting transport and attenuation processes at the 
site and their variability over space and time;

(b) The specific rates by which these transport and attenuation specific 
processes are operating;

(c) The functional geometry of the site.

Uncertainty in MNA can only be effectively reduced and managed when 
it has been determined which uncertainties are significant. When significant 
uncertainties are identified, it can be decided whether to reduce these through 
data collection or to manage them through contingency planning.
57



4.1.1. Site characterization

Adequate site characterization is a fundamental requirement in any 
remediation project [7], but particularly when the MNA option is considered. 
As with many other remediation options, MNA requires the development of a 
site specific conceptual model and the measurement and demonstration of 
remediation performance. For MNA involving biologically mediated processes, 
the rates of transformation by which progeny are being formed need to be 
determined, while for MNA by heterogeneous reactions, the relevant 
adsorption or precipitation processes and possible interactions with other 
contaminants that may be beneficial or detrimental need to be identified. The 
challenge in site characterization is to demonstrate that beneficial processes do 
actually occur, to delineate relevant site properties in sufficient detail over the 
entire domain and to derive reassurance that the assumed processes will be 
sustained for a sufficient period of time. Site characterization, therefore, 
comprises a set of complementary elements [7, 25]:

(a) Historical groundwater and/or soil chemistry data that demonstrate a 
clear and meaningful trend of decreasing contaminant mass and/or 
concentration over time at appropriate monitoring or sampling points.

(b) Hydrogeological and geochemical data that can be used to demonstrate 
indirectly the types of natural attenuation process active at the site and 
the rates at which such processes will reduce contaminant concentrations 
to required levels. For example, characterization data may be used to 
quantify the rates of contaminant sorption, dilution and volatilization, or 
to demonstrate and quantify the rates of biological degradation processes 
occurring at the site.

(c) Data from field or microcosm studies (conducted in or with actual 
contaminated site media) that directly demonstrate the occurrence of a 
particular natural attenuation process at the site and its capacity to 
attenuate the contaminants of concern.

Such characterization for MNA is discussed in more detail elsewhere [7, 25].

4.2. GENERIC CHEMICAL DATABASES

4.2.1. Thermodynamic databases

Problems with the lack of consistency in thermodynamic databases were 
highlighted in the international CHEMVAL project [295], where an attempt 
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was made to achieve consensus on both data entry and modus operandi used in 
modelling procedures. Some progress was made towards this goal but, unfortu-
nately, in the ten years since the project ended the situation has once again 
regressed with the creation of ever more and frequently disparate listings. 
Van der Lee and Lomenech [296] present a methodology for establishing a 
common ‘operational’ database but their work is still at an early stage. For this 
reason, it is prudent to verify safety critical calculations by comparing the 
output of two and preferably more databases.

Notwithstanding the above, for a small number of radiologically 
significant elements the picture is far brighter following the establishment of 
the ambitious OECD/NEA TDB project in 1984 [71]. This project sought to 
obtain critical reviews for those elements felt to be of particular importance for 
the safety assessment of radioactive waste disposal systems, but the resulting 
compilations have limited practical applicability as already discussed in Section 3. 
Twenty years on, four review reports have been published dealing with the 
chemical thermodynamics of uranium [161], americium [180], technetium 
[237], neptunium and plutonium [204]. An additional report published in 2003 
[168] provides an update as the original reviews were already thought to be out 
of date. Radionuclide-bearing phases are included together with the properties 
of auxiliary phases (120 aqueous complexes, 95 solid phases and 65 gases). 
Uncertainties in ΔG°f, ΔH°f, S°f and Cp are given. The documents are generally 
regarded as the most authoritative guides to the aqueous chemistry of these 
elements and have been adopted by database compilers in many countries. For 
example, the HATCHES database [164], which is distributed by the OECD/
NEA, incorporates the findings of the TDB project in combination with 
constants for the more common ions found in groundwaters.

Nuclear waste management national agencies have been sponsoring the 
compilation of databases, most notably HATCHES for NIREX Ltd [164, 297], 
NAGRA/PSI for the Nationale Genossenschaft für Radioaktiver Abfälle [298] 
and the JNC thermodynamic database for the Japan Nuclear Corporation 
[299]. These compilations draw heavily on the OECD/NEA work on 
radionuclides and on other data from the Lawrence Livermore National 
Laboratory (LLNL) [220]. The LLNL database itself is based on the 
SUPCRT95 database [300], whose core in turn is based on the work of 
Helgeson et al. [301]. This work has been extended in terms of aqueous species 
by Sverjensky et al. [302] and Shock et al. [303]. Unfortunately, the new 
aqueous species have not been implemented in the LLNL database. An 
overview of available compilations is given in Appendices I and II.

As discussed above, the OECD/NEA review of uranium thermodynamics 
[161], which is generally considered to be the most authoritative yet 
undertaken, did not originally include mineral phases owing to the perceived 
59



lack of published experimental determinations of thermodynamic properties. 
This has been rectified to an extent in subsequent reviews [168, 180] from which 
the strengths and shortcomings in the available data are clear. The most 
complete set is that for oxide–hydroxide phases, reflecting the interest in spent 
fuel dissolution, and this is followed by that for the phosphates, among the most 
abundant group of secondary U(VI) phases. Very few attributable values exist 
for the corresponding silicates, arsenates, carbonates or sulphates. This is an 
area where further experimental work is obviously required.

The situation for the transuranic elements, which do not occur naturally, 
is less clear since there is no historical geochemical experience to draw on. 
Nevertheless, there is every indication that they will display geochemical 
behaviour that is similar in many respects, depending on oxidation state, to the 
lanthanides, uranium and thorium. In addition to new experimental data 
describing the incorporation of these elements into mineral phases, the need 
for reliable methods of estimating thermodynamic values is readily apparent. 
The same considerations apply to fission products such as technetium, though 
in this case the high mobility of the pertechnetate ion suggests that specific 
binding to certain classes of organic compound is the most likely means of 
retention in the near surface environment.

The suitability of speciation and coupled chemistry transport code for 
application to a given natural system depends not the least on the thermo-
dynamic database used together with the code [295]. The contents of published 
databases naturally reflect the problem for which they were originally designed 
and often address only particular aspects, e.g. solids’ properties [304]. A 
common problem is the lack of internal consistency, namely the data have not 
been corrected by the same methods for effects of experimental conditions, 
such as ionic strength, and have often not employed the same basic assump-
tions, such as species present. The problem is compounded by the lack of 
reference to the sources of the data in some of the databases that come with 
well-known speciation codes, such as PHREEQC2 [305]. When available, 
references are often only references to other databases [300]. Worse still, some 
databases also refer to data estimation results or to ‘written communication’. 
Appendices I and II give an overview of available databases and their content.

Special care needs to be exercised by modellers when choosing a thermo-
dynamic database for a particular problem in hand. Selection of an appropriate 
database will aid in reducing the uncertainty in modelling results. For further 
information, reference should be made to the following three documents:

(1) The database comparison exercise by Price and Ross [306]. Criteria for 
database quality evaluation are given and applied to five thermodynamic 
databases.
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(2) An OECD/NEA report on this subject [307]. This report is the result of a 
collaboration involving 11 international organizations and aimed at an 
evaluation of thermodynamic databases against the requirements for 
their use in the context of nuclear waste disposal performance 
assessment.

(3) Activities within the EU fuel cycle programmes [308].

4.2.2. Kinetic data

The limitations of equilibrium thermodynamics when applied to 
geochemical systems are well known. Whether a given system will attain 
equilibrium depends not only upon reaction kinetics but also on the physical 
properties of the porous medium. These properties determine the rate at which 
constituents can be transported to and from the reactive zone. Where reactions 
are fast relative to transport processes (e.g. diffusion), local equilibrium can 
often be assumed. However, heterogeneous reactions, particularly those 
involving dissolution of crystalline mineral solids are generally much slower 
than those in solution and the local equilibrium assumption is less valid. Such 
reactions can only be studied experimentally at elevated temperatures where 
phase transformations may occur and, further, the degree of order will have a 
significant effect on the Gibbs free energy. For most mineral phases the state of 
order is not known as a function of temperature or, in some cases, even at 
reference conditions.

Notwithstanding the difficulties outlined above, thermodynamic methods 
are inherently more defensible in an assessment context than a purely 
empirical approach. They can be used to identify at least those chemical 
reactions that are theoretically possible should equilibrium ultimately be 
attained. Even where the release of a given radionuclide from a matrix is 
kinetically controlled, for example the oxidative dissolution of uranium 
dioxide, its concentration in solution may be determined by the solubility of 
secondary phases that are amenable to thermodynamic treatment.

Chemical reaction kinetics are not commonly taken into account in 
performance assessment modelling. Low temperature reaction kinetics data 
have come mainly from basic geochemical studies into weathering phenomena 
and concern pure phases such as quartz, calcite and feldspars. Madé [309] and 
Jacquot [310], for instance, have compiled experimental data on dissolution and 
precipitation of quartz, calcite, dolomite, muscovite, kaolinite, illite, albite and 
(K-feldspar).

Kinetics may also play an important role in determining apparent or 
transient equilibria in other heterogeneous reactions, such as sorption. As 
discussed in Section 2.4.5, the macroscopic phenomenon of sorption may, on 
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the microscopic level, be a complex, multistep process, with some of the steps 
being kinetically controlled. Thus, with time a transformation of mobile/
exchangeable form to a less mobile non-exchangeable form may occur as a 
result of diffusion into mineral lattice interlayers. Often these kinetics are 
described as a first order chemical reaction [257]. However, this approach may 
not be accurate enough over longer timescales. A ‘diffusion’ model proposed 
by Bulgakov and Konoplev [311] may overcome this problem.

Kinetic studies on the dissolution of radionuclide-bearing solid phases are 
sparse. The dispersion of fuel particles following the Windscale and Chernobyl 
incidents in the 1950s and 1980s, respectively, offered the opportunity to study 
their environmental behaviour, in particular their leaching behaviour. In the 
context of geological disposal of spent fuel and high level waste, various inves-
tigations into the kinetics of dissolution and transformation processes have 
been undertaken. However, the environmental conditions in this case are 
rather different from the near surface conditions under consideration here.

It has been shown with data for fuel particles released during the 
Chernobyl accident that their dissolution in soils can be satisfactorily described 
by first order kinetics [312–314]. Depending on the direction from the power 
plant the dissolution rate varied from 0.09/a towards the west to 0.27/a in other 
directions. The reason for slower dissolution of the fuel particles in the westerly 
direction was the lower oxidation level of uranium in the fuel matrix. These 
particles were formed as a result of the initial explosion at a relatively low 
temperature. Particles formed later, in conditions of the reactor fire, were more 
oxidized and correspondingly less resistant to dissolution. The controlling 
environmental parameter was found to be the soil pH [314, 315]. At pH values 
lower than 7, the rate of dissolution is faster than at pH values above 7, which 
also reflects the overall solubility of uranium as determined by the 
predominant carbonate species.

4.2.3. Sorption data

The discussion in Section 2.4.5.2 illustrates the problems faced by 
researchers attempting to quantify retardation of migrating radioactive species. 
Although there is a large body of sorption data available in the literature, it is 
of uneven quality and often of limited utility in performance assessments. 
In addition to dissimilarities in the conditions under which the measurements 
were made, there is as yet no universally agreed approach to modelling surface 
adsorption.

The OECD/NEA made a concerted effort to achieve a consensus via its 
ISIRS Kd database some 20 years ago and it still maintains an international 
working group in this field [71]. A comparable initiative focusing on surface 
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complexation modelling was launched more recently at the Forschungszentrum 
Rossendorf, Germany [316]. The listing, termed ‘RES3T’, was examined as part 
of this review and may constitute a useful tool as its development proceeds.

The theoretical concepts behind equilibrium sorption ‘constants’ have 
been critically discussed in Section 2.4.5.2. Kd values are apparent constants, 
which means that they depend on solution composition, solid/solution ratios, 
temperature and a whole range of properties (e.g. grain size distribution, 
specific surface area) of the solids concerned. This means that in theory all 
these parameters would be given in a Kd value database. Currently, two major 
compilations of Kd values are available. The first one, published by Chery and 
Sanjuan [317], describes Am, Cs, I, Ni, Np, Pu, Se, Sn, Th, Tc, U, Zr sorption on 
three different media (granite, sand and clay). Where available, solution 
composition, particle size, cation exchange capacity, specific surface area, 
experiment duration, solution volume and solid mass are given. The second 
major compilation of Kd values was published by the USEPA [112] for Cr, Cs, 
Pb, Pu, Ra, Sr, Th, U and tritium on media similar to those used in Ref. [317]. 
Cation exchange capacity, specific surface area, clay percentage, final pH and 
solution partial composition are also given.

Notwithstanding the theoretical reservations there may be towards the Kd

concept, it finds widespread application in radioecological studies and some 
major compilations of respective data are available through this area of 
research [318, 319]. 

4.2.4. Ion exchange

Data for ion exchange are similarly scattered across a large number of 
publications in the earth sciences and agriculture (Table 5). Early compilations 
include those of Benson [320] and Maes and Cremers [321]. In an interesting 
development, a cation exchange model was applied to explain the variation in 
soil and stream water composition at the catchment scale in southern Norway 
[322]. This study serves to highlight the need for macroscopic descriptions of 
contaminant retention in addition to the microscopic and nanoscopic 
techniques currently being pursued.

4.2.5. Surface complexation

Again, data for surface complexation are scattered across a very large 
number of publications from different areas of research. There are not many 
specific surface complexation databases in the literature. Owing to the diversity 
of surface complexation models and to the natural variability of the parameter 
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values used (e.g. amorphous versus well-crystallized mineral specific surface 
area) this lack of established databases is not surprising.

In fact, the Dzombak and Morel database [326] is widely used but it 
should not be applied to complexation models other than the double layer 
model developed by the authors. Besides, this database only deals with sorption 
on iron oxyhydroxide. Twelve cations (Pb, Zn, Cd, Hg, Cu, Ag, Ni, Co, Cr, Ca, 
Sr and Ba) and 9 anions (PO4, AsO4, VO4, AsO3, BO3, SO4, SeO4, S2O3 and 
CrO4) are tabulated, excluding any natural radionuclide. 

TABLE 5.  PUBLISHED DATA SETS WITH ION EXCHANGE DATA

Database Solid material Convention Experimental 
conditions, 

remarks

Cations

Bruggenwert 
and 
Kamphorst 
[323]

Soils, clay 
minerals 
(smectites, illite, 
kaolinite, 
vermiculite)

Several 
explicit 

Not fully 
detailed
Some data at 
75°C

Major and minor 
cations

Benson  
[324]

Smectites Gapon No
Some data at 
50°, 60° and 
90°C

Na, Rb, K, Li, NH4, 
H, Fe (II), Ba, Co (II), 
Ni (II), Cu (II), Zn, 
Cd, Ca, Sr, Mg, Cs

Maes and 
Cremers  
[325]

Smectite, 
vermiculite, 
illite, 
interstratified 
illite/smectite, 
zeolites

Gaines and 
Thomas
(not explicit)

Fews details

Data at 25°C

Li, Na, K, Rb, Cs, Ca, 
Cu, Ag, Ni, Zn, Cd, 
Hg, organic 
molecules

Fletcher and 
Sposito [102]

Montmorillonite Vanselow
(not explicit)

No

Data at 25°C

NH4, Na, H, K, Li, 
Ca, Mg, Sr, Cu, Zn, 
Cd, Co, Ni, CaCl, 
MgCl, SrCl, BaCl, 
CuCl, ZnNO3, 
CdNO3, CoCl, NiCl
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4.3. PARAMETER ESTIMATION METHODS

Data estimation methods for aqueous and solid phases are needed since 
no thermodynamic data compilation can ever be complete. The majority of 
databases used for geochemical calculations contain only formation constants 
(log β) and solubility products (Ksp) at 25°C for aqueous species and mineral 
solids, respectively. Numerous approaches have been developed over the past 
15 years for estimating these constants where no suitable experimental data are 
available. These methods are based on correlations between ions having similar 
charge–size characteristics and the same or similar configuration of valence 
electrons [327].

Thus, empirical rules have been devised, describing the relative affinities 
between various donor ligands and metal ions, providing a guide to the likely 
stability constants for complexes where no direct experimental determinations 
are available [66]. The approaches are distinguished by the empirical relation-
ships employed and the relative weighting attached to complexation affinities 
with various ligands. In addition, structural information on the preferred 
geometry of a metal ion with different ligands in binary or ternary configura-
tions provides a means of estimating the stoichiometry of postulated complexes 
in multicomponent systems. Finally, a reasonable assessment of likely 
behaviour may be made by simple chemical analogy without recourse to 
complex algorithms. For example, the behaviour of actinide (III) ions such as 
Am3+ can be inferred from the properties of the corresponding lanthanides, 
neodymium and samarium. The use of chemical analogy as applied to the 
actinide elements is discussed in more detail by Moriyami et al. [328].

In the case of solids, data estimation relies heavily on structural infor-
mation, for it has been shown that approximately linear relationships exist 
between molar volumes and entropy for many isostructural compounds [301]. 
Departures from this ideal behaviour have been attributed to crystal field 
effects for which corrections can be applied [329]. More recent hybrid 
approaches combine the above with statistical theory. Thus, many of the 
thermodynamic properties and functions required for estimating phase 
equilibria can be derived from basic principles and several ‘internally 
consistent’ data sets exist [330]. The two most commonly used are those of 
Berman [331] and Holland and Powell [332]. The different philosophies behind 
these compilations have been reviewed by Gottschalk [333].

The above methods have gained widespread acceptance in the 
geochemical community but have rarely been applied to radiologically 
important elements in waste disposal or problems associated with radioactive 
contamination. This is an essential aspect if emphasis is to shift from the 
collection of empirical ‘sorption’ data to a more fundamental appraisal of trace 
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element immobilization in rock–water systems coupled with a thermodynamic 
representation of the processes taking place.

5. ASSESSING THE POTENTIAL OF MNA

5.1. MODELLING APPROACHES AND TOOLS

5.1.1. Introduction

Models for MNA are of two main types: conceptual and numerical. The 
first comprises a set of interrelated hypotheses, which describe all or part of the 
system. Where these relate to the evolution of the system they have been 
termed ‘scenarios’, i.e. a postulated sequence of future events. Each makes 
assumptions about the initial and boundary conditions together with changes in 
physical and chemical properties with time. The strength or quality of the 
argument depends on consistency in the use of assumptions throughout the 
exercise. This gives confidence that the conclusions drawn can be justified by 
the information presented and not biased towards any given or desired 
outcome.

Mathematical models by contrast are quantitative expressions of a 
conceptual model, comprising a set of algebraic, differential and/or integral 
equations, and rely on numerical data. The primary requirement is for trace-
ability to ensure that interpretations are based on sound evidence. Reports on 
the results derived from such models need to include an indication of the level 
of confidence or uncertainty associated with the output. Data transfer between 
models and any processing or adjustments made to experimental values should 
be transparent. Finally, not all of the data required for a safety assessment are 
amenable to measurement. The methods by which values are estimated, 
whether by formal data elicitation techniques or otherwise, should also be 
apparent to the reviewer.

5.1.2. Geochemical calculation codes

Garrels and Thompson [334] are widely regarded as the founders of 
geochemical modelling. Since then, numerous codes have been developed to 
calculate the chemical speciation of solutions in equilibrium with solid phases 
and reactive surfaces. Among these, PHREEQC [305], EQ3/6 [220] and 
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MINTEQA2 [335] are the most commonly used. Other examples include 
GEOCHEMIST’S WORKBENCH® [336], GEMS [336, 337] and CHESS 
[338]. Though all of these tools solve the same basic equations, each has 
advantages in terms of functionality. For example, EQ3/6 can exploit Pitzer’s 
approach to calculate ion activities (where data permit) and is therefore 
suitable for modelling systems with high salt concentrations. PHREEQC is 
generally regarded as easier to use and perhaps more suitable for simulating 
surface complexation phenomena. Table 6 [339] compares the functionality of 
three of the codes mentioned above.

5.1.3. Coupled geochemistry–transport codes

The simulation of reactive contaminant transport requires an adequate 
understanding of both chemical and hydrogeological processes acting in 
tandem. This is not provided by the large number of ‘radionuclide transport 
models’ described in the literature that invoke the diffusion–dispersion 
equation and a somewhat cursory approach to chemical interactions (e.g. the 
distribution coefficient, Kd) to account for retardation. The dominant chemical 
factors likely to influence aqueous radionuclide migration include: speciation, 
both organic and inorganic; precipitation and dissolution; sorption/exchange 
and diffusion in response to chemical gradients. To these must be added colloid 
dispersion and flocculation, though the impact of these ultra-fine particulates is 
not yet fully understood. If the vadose zone is to be modelled, a three phase 
(gas/aqueous/solid) model is needed. In sparsely fractured rock, a model 
assuming homogeneous, laminar flow would not be adequate. Such coupling 
poses a challenge to numerical solution methods; however, the main challenge 
is achieving a satisfactory parameterization of the system. In recent years, 
considerable effort has been devoted towards developing coupled geochem-
istry transport codes. Appendix III summarizes the characteristics of some 
currently available tools.

This Section describes the basic concepts behind hydrogeochemical 
models and outlines some of the approaches used to couple hydrogeological 
transport to chemical equilibria. For a more exhaustive treatment the reader is 
referred to the early reviews of Rubin [340] and Mangold and Tsang [341]. 
Yeh and Tripathi [342] and Zysset et al. [343] also provide useful appraisals of 
the relative merits of alternative coupling strategies.

Mathematical representation of the transport of solutes by advection, 
diffusion and kinematic dispersion is governed by the conservation of mass, 
energy and charge. Rubin [340] describes alternative formulations of the basic 
solute transport equations and assesses their application to fast, reversible 
reactions as opposed to slow and/or irreversible reactions. This clear distinction 
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TABLE 6.  PRINCIPAL CHARACTERISTICS OF PHREEQC, EQ3/6 AND 
MINTEQA2 [339]

Functionalities PHREEQC2 [305] EQ3/6 [220] MINTEQA2 [335]

Reaction 
progress 
dependent 
calculation

Yes Yes No

Ion activity 
models

Extended Debye-
Hückel, or Davies
Pitzer (PHRQPITZ 
code, not including all 
PHREEQC 
functionalities)

Extended Debye-
Hückel, Davies or 
Pitzer

Extended Debye-
Hückel, or Davies

Redox reaction Based on electron 
activity

Explicit definition of 
redox couples

Explicit definition of 
redox couples
Based on electron 
activity

Solid solutions Multiple ideal solid 
solutions 
Binary non-ideal solid 
solutions

Multiple ideal solid 
solutions 
Binary and ternary 
non-ideal solid 
solutions

No

Gaseous phases Yes (fixed volumes or 
pressure)

Yes (fixed pressure) Yes (fixed pressure)

Ion exchange Yes No Yes

Surface 
complexation 
model

Double layer or no 
electrostatic models 
Explicit calculation of 
electrostatic layer 
composition

No Double layer 
Triple layer model
Explicit calculation of 
electrostatic layer 
composition

Isotopic 
fractionation

Yes No No

Kinetics Yes Yes No

Equation solver Newton-Raphson
Based on equilibrium 
constants.

Newton-Raphson for 
speciation
Taylor series
Based on equilibrium 
constants

Global resolution 
method with one 
step. Constraint on 
mass balance.
Newton-Raphson
Based on equilibrium 
constants
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defines the limits of applicability of the ‘local equilibrium assumption’ but, in 
practice, coupling inevitably involves a compromise. Until recently, limitations 
with respect to data availability and computer resources meant that reconciling 
the requirements of a large number of non-equilibrium reactions with a 
geometrically complex flow field was unrealistic. New developments in the 
computer sciences have now removed one of the obstacles to achieving 
significant enhancements in coupled chemical transport modelling, though the 
lack of high quality data for many radioactive contaminants remains a very real 
constraint.

Several coupled codes have been evaluated within the CHEMVAL 
project [295, 344]. The overwhelming majority simulate chemical systems at 
equilibrium subjected to a constant velocity flow in one or, rarely, two 
dimensions. They all address the ingress of a solution of known composition at 
the boundary (static or transient) into a field solution whose composition must 
also be specified a priori. The model then simulates the displacement of the 
initial solution by mixing and reaction with the boundary fluid.

Two distinct protocols for coupling chemical reactions to transport 
equations have been followed. The direct or ‘one step’ method [345–347] 
involves solving mass action equations representing the chemical system and 
transport terms simultaneously. The resulting codes suffer from numerical 
constraints owing to the ‘stiffness’ of the highly non-linear hybrid equations 
employed. Attempts to extend one step models by incorporating reaction 
kinetics [348, 349] have largely been abandoned.

By contrast, the indirect or two step method [342, 350] employs discrete 
chemical and non-reactive transport modules, performing iterations between 
these to ‘move’ the evolving solution in space and time. This approach is 
inherently more flexible and, in principle, can be extended to highly complex 
chemical systems and transport pathways. For these reasons, two step methods 
have largely superseded one step coupled models and are believed to offer the 
best prospects for hydrogeochemically demanding or resource intensive appli-
cations.

5.1.4. Modelling biological effects 

Biological factors are difficult to incorporate satisfactorily into coupled 
models, owing to the dependence of reaction kinetics upon an enormous 
variety of site specific environmental conditions. Therefore, establishing a 
database that is applicable generally to biologically mediated processes is 
problematic. However, some recent studies have sought, with some degree of 
success, to couple microbial metabolism to redox changes and contaminant 
transport processes [351–354].
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Irrespective of conditions or contaminant(s), the overwhelming majority 
of such models start from a set of common assumptions. These include the need 
for a source of carbon (substrate for reproduction), nutrients (such as nitrogen 
and phosphorus), electron acceptors (mainly oxygen, nitrate and sulphate) and 
appropriate conditions for bacterial growth (pH, temperature, etc.). The 
formation of a biofilm as both a separate phase and an interface between the 
solution and the solid is generally accepted though its geometry and properties 
are not yet fully understood [355]. The principal subject of contention is the 
rate at which diffusion through the biofilm occurs and whether or not this is 
reaction rate limiting.

Biological reactions have been simulated in a variety of ways that may be 
grouped into the following categories:

(a) Instantaneous reactions. Where the rate of reaction is fast relative to 
groundwater velocity, local equilibrium may be assumed and very simple 
relationships employed to describe the fate of the contaminant plume 
[356]. Such models are unlikely to hold true in most natural systems, since 
even though attachment to surfaces may be reversible, the desorption 
step is normally slow in comparison. 

(b) First order decay. Biological reactions are treated in a manner analogous 
to radioactive decay [357]. The main advantage of this method is its 
simplicity; the main disadvantage, the absence of any mechanistic basis.

(c) Monod kinetics. This describes the growth of bacterial cultures as a 
function of a limiting nutrient. The basic equation [358] has been 
modified by a number of workers over the years to incorporate additional 
controls [359]. The method is the most widely used at present but, in any 
case, the approach is purely empirical. 

(d) Michaellis–Menton kinetics. This differs from the above in its derivation 
from a mechanistic analysis of enzymic reactions. It is employed when the 
substrate is not regarded as a critical control on reaction progress [360]. 
Michaellis–Menton based analysis is the most complex of those listed 
here and has the most demanding data requirements. 

A number of hybrid modelling approaches have been proposed that 
employ two or more of the above methods. For instance, Rifai et al. [356] 
describe a ‘generic’ code, BIOPLUME III, that offers a choice of models at 
different points along a given pathway; the latter being subdivided according to 
the dominant electron acceptor.
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5.1.5. Airborne transport

Models for airborne transport have seen considerable use in both routine 
and accidental release situations. These dispersion models vary considerably in 
approach and complexity according to requirements. It may be noted that 
models are only as accurate as the underlying conceptual model captures the 
situation in hand and as the quality and coverage of input data allows. The 
spatial scale of dispersion models can vary from a few hundred metres to a 
global scale. The essential mechanisms to be modelled in one way or another 
are the effects of advection by the actual or prevailing wind field, dispersion by 
turbulence and dry and/or wet deposition. In addition, resuspension processes, 
radioactive decay, heterogeneous chemical reactions and inputs from other 
sources may need to be considered [44]. Quantifying the source term, of course, 
is of critical importance. It will be necessary to specify the chemical and 
physical properties of the material released, the time dependency of the 
release, the total release for each species and the effective height above ground 
of the release.

5.1.6. Modelling food chain transfer

Contrary to the models used for aqueous and airborne transport, which 
are largely mechanistic in nature, food chain and soil-to-plant transfer models 
are typically empirical or semi-empirical in nature [47]. Extensive use is made 
of default parameter values for various models, which can be found, for 
example, in Ref. [48]. The underlying reason for this seems to be that the most 
extensive use of them is being made in emergency situations, when there is no 
time to undertake a comprehensive site assessment.

In addition to the transport and transformation processes discussed in the 
previous sections, the following phenomena, processes and compartments can 
be involved in radionuclide transport through terrestrial and aquatic food 
chains to human receptors [47, 48]:

(a) Dry or wet deposition onto the soil or plants;
(b) Root uptake by plants;
(c) Uptake through other plant tissues;
(d) Translocation within plants to edible tissues;
(e) Ingestion and skin uptake of aquatic animals;
(f) Translocation of contaminants within animals into the meat or products, 

such as milk;
(g) Adhesion of soil particles to plant surfaces;
(h) Ingestion by humans of plant and animal tissues;
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(i) Ingestion of ground- and surface waters by animals and humans;
(j) Direct ingestion of surface soil by humans and grazing animals;
(k) Ingestion of soil particles adhering to plant surfaces by humans and 

grazing animals.

In addition to the above processes, food chain models sometimes include 
a more or less ‘black box’ treatment of:

(a) Transfer of contaminants from catchment to water bodies;
(b) Transfer of contaminants in surface water to the terrestrial system by 

spray irrigation;
(c) Transfer of contaminants in surface water to bottom sediments.

However, some of these would be amenable to a more mechanistic 
treatment as outlined in the previous sections.

5.2. MONITORING

If natural attenuation has been accepted by the regulator as part of the 
remediation option, performance monitoring and contingency plans, respec-
tively, are required to evaluate its long term effectiveness and to provide a fall 
back option should the solution fail. Monitoring requires the presence of insti-
tutional control and in itself is a form of institutional control [6, 12]. Monitoring 
is a significant and essential component of MNA and the programme would be 
designed to [27, 361, 362]: 

(a) Ensure that natural attenuation is occurring according to expectations;
(b) Ensure that there is no impact to important receptors;
(c) Detect any new releases of contaminants to the environment that could 

impact the effectiveness of the natural attenuation remedy;
(d) Demonstrate the efficacy of institutional controls that have been put in 

place;
(e) Detect any changes in the environmental conditions (e.g. hydrogeo-

logical, geochemical, microbiological) that would compromise the 
underlying conceptual site model and reduce the efficacy of any of the 
natural attenuation processes; 

(f) Verify compliance with the cleanup objectives. 

In the past, techniques for the monitoring of dispersed radioactive 
contamination entailed semi-quantitative gross activity or dose measurements 
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taken on-site combined with sampling of soils, sediments and waters, as well as 
flora and fauna, for subsequent laboratory analysis. The difficulties of ensuring 
adequate coverage of the site and representative sampling are well 
documented in the literature. Recent developments in field analytical 
techniques allow quantitative and semi-quantitative in situ and on-site determi-
nation of a wide range of contaminants [7, 12, 13].

It should be noted that, ultimately, all remediation options that do not 
entail complete removal of the contaminant source would, de facto, revert to an 
‘MNA’ scenario.

6. CONCLUDING DISCUSSION

6.1. SCOPE, OPPORTUNITIES AND LIMITATIONS

MNA is increasingly being considered a viable option for sites contami-
nated by biodegradable organic pollutants. To date, it has not received the same 
level of attention in the case of radioactively contaminated land, perhaps 
understandably given public concerns and strict regulatory controls on 
exposure to ionizing radiation. However, there are situations for which active 
remediation to levels of free release is not feasible, either because the source is 
inaccessible or the contamination is dispersed over a wide area [16]. Many 
former mining sites contain natural series nuclides at levels that are little more 
than background [5]. Similarly, the principal radionuclides in residues from a 
number of industrial processes are relatively short lived. Scales from natural 
gas wells, for example, are hazardous owing to the presence of 210Pb and 210Po. 
Such situations might well benefit from adoption of MNA. It could also serve 
as an interim approach, pending a decision on the final remediation strategy.

Regulators are necessarily cautious about approving the application of 
new technologies or procedures, particularly where the approach is regarded as 
‘unproven’. Thus, it is important to note that, although MNA is not formally 
considered an option for radioactive contamination at present, reliance on 
natural barriers to migration is the de facto method employed in many cases. 
A great deal of information that could be used in case studies is already 
available from failed containment systems (e.g. Hanford), nuclear accidents 
(Chernobyl), mine tailings and spoil heaps, etc.

The use of MNA as a remedial strategy is not equivalent to ‘no action’ 
and nor is it a ‘walk away’ option; monitoring implies a degree of institutional 
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control. Relying on natural processes does not abrogate responsibility for 
controlling the source of the contamination, preventing exposures or, 
ultimately, restoring the site to appropriate beneficial use if this is a 
requirement of the remediation. Social, cost and risk factors have to be 
considered before implementing any decision on cleanup [15]. A compre-
hensive characterization programme will invariably be required in order to 
develop an understanding of the attenuation processes operating at the site 
and their sustainability [7, 13]. Radiological and, where appropriate, other
(e.g. toxicological) risk assessments will also be required [18]. Nevertheless, 
MNA offers several potential advantages over alternative remediation 
strategies, including potentially lower costs and lower occupational dose to site 
workers. It is also the least intrusive remediation option and does not depend 
on the availability of a secondary waste disposal site or waste transfers.

Thus, MNA implies a long term commitment to monitoring and the 
maintenance of institutional controls. More extensive education and outreach 
efforts may be required in order to gain public acceptance of MNA. These fall 
into the ambit of stewardship, an issue addressed in a companion report [17].

There are sites, contaminants and pollution situations, however, where 
MNA will not be applicable. Physical, chemical, hydrogeological and biological 
conditions may not allow attenuation to proceed at a sufficient rate to protect 
human and environmental receptors. Restrictions on land use and the vulnera-
bility of key receptors also have to be taken into account. Other potential 
disadvantages of MNA include longer time-frames to achieve remediation 
objectives when compared to active measures and the potential for continued 
contaminant migration and/or cross-media transfer of contaminants. Hydro-
logical and geochemical conditions may change over time and could result in 
renewed mobility of previously stabilized contaminants. This applies in 
particular to borderline cases (e.g. retention in natural wetlands) where small 
changes in environmental conditions may lead to a remobilization of the 
contaminants.

6.2. ENHANCING ATTENUATION

If MNA is demonstrated (e.g. by modelling or monitoring) as not being 
capable of achieving the desired levels of radionuclide retardation or exposure 
prevention, then the possibilities for enhancing the naturally present 
attenuation mechanisms can be explored. Contrary to other active measures 
this does not include any transfer of radionuclides into other media requiring 
subsequent handling and disposal ex situ, such as phytoremediation or 
constructed wetlands [16]. However, an unbiased discrimination between 
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‘active’ in situ remediation techniques and enhancement of attenuation cannot 
always be made. Enhancing attenuation involves the use of minimum invasive 
techniques to modify the physical, chemical or biological properties of the 
subsurface (soil, groundwater, aquifer matrix) in order to improve the conditions 
for natural attenuation processes. In the case of radionuclides, the stimulation of 
indigenous microorganisms will not lead to a metabolic destruction of contami-
nants, but can bring about their immobilization owing to alteration of redox 
conditions [363]. Thus, for example, the species TcO4

– and UO2
2+, which are

stable under oxidizing conditions, can be transformed into insoluble reduced 
solids. In contrast, Pu(V) and Pu(VI) can be immobilized by sorption onto iron 
hydroxides, which, of course, are stable only under oxidizing conditions. In any 
case, attempts to enhance attenuation permanently requires a profound 
knowledge of the site specific geochemistry and its likely dynamics over the time-
frame under consideration. Terms such as ‘irreversible sorption’ (e.g. for 137Cs
(t½ = 30 a) on clay minerals) need to be used carefully, as hydraulic and chemical 
conditions of groundwater bodies, particularly in industrialized environments, 
are subject to changes over timescales of decades.

Typical techniques to enhance attenuation and retardation in the 
subsurface include [16]:

(a) Adjustment of desired redox conditions for precipitation of radio-
nuclides;

(b) Introduction of directly oxidizing (e.g. air, O2, H2O2, KMnO4 and various 
proprietary compositions) or reducing compounds (Na2SO3, sodium 
dithionite and various proprietary compositions);

(c) Introduction of carbon sources (e.g. methanol, molasses), electron donors 
(e.g. H2, lactate and various proprietary compounds) or electron acceptors
(e.g. NO3

–, SO4
2–) to stimulate bacterial growth. Limited experience with 

regard to their application to radionuclides exists [364, 365]; 
(d) Improvement of sorption capacity of the subsurface by adding colloidal 

sorbents (e.g. organic polymers, clay minerals, carbonates, phosphates, 
iron oxides/hydroxides).

Depending on the type and scale of the technical implementation, the 
necessary measures (injection wells, permeable reactive barriers) may be 
actually classified as ‘in situ remediation’.
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This report discusses the necessary pre-
requisites, processes involved and applicability 
of monitored natural attenuation (MNA) as a 
non-intervention strategy for dealing with radio-
active contamination. While MNA is de facto 
applied where residual contamination remains, 
it is emphasized that non-intervention does 
not equate to a ‘do nothing’ option. A thorough 
investigation of the site’s properties and the 
contaminant migration behaviour is needed for 
the safe application of the MNA concept. This 
report complements other recent publications 
dealing with low invasive remediation tech-
niques and strategies.
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